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EXECUTIVE SUMMARY
Fire is a primary natural disturbance in most forests of western North America and has shaped
their plant and animal communities for millions of years. Native species and fundamental
ecological processes are dependent on conditions created by fire. However, many western forests
have experienced shifts in wildfire regimes and forest structure following a century or more of
resource use and management, with some past and present management activities lacking a
scientific basis. Changes in wildfire and fuel management policies are needed to address social
and environmental problems that have arisen as a result of these activities.
Incorporation of current scientific knowledge into revised policies and practices is essential to
insure that the productivity, biological diversity, and ecological values of western forests are
sustained. As an example, implementation of the Healthy Forests Restoration Act (HFRA) of
2003 (Public Law 108-V148) will benefit from adaptive application of the dramatically
expanding base of scientific knowledge. Our review addresses the ecological science relevant to
developing and implementing forest restoration and fuel management policies, including
activities conducted before, during, and after forest wildfires. An essential principle of ecological
variability within and among forests underlies all of our findings.
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In this summary and in the background report we use the term “characteristic” in referring to the
dominant natural disturbance regime of a forest type or site. For example, some types of dry
forests are described as being historically or naturally characterized by a low-severity fire regime
while some coastal and subalpine forests are characterized by a high-severity fire regime. These
are generalized characterizations of the regimes that these types experience and are not
necessarily exclusive. For example, forests characterized by high-severity fire regimes may also
experience low-severity events and vice versa. The term “uncharacteristic” refers to
disturbances, forest structure, or fuel loads of a scale or type outside the historical range of
variability based on site-specific vegetation reconstructions using tree rings, fire scars, pollen,
charcoal, or early historical records.

Fire in Western Forests
Wildfire is inevitable and ecologically important in forests throughout much of the western
United States, given the fuels, ignition sources, and variable climatic conditions. Nevertheless,
characteristic fire regimes—especially the extent, frequency, and severity of the wildfires—are
immensely variable. For example, fires historically recurred in western forests at intervals
ranging from as frequently as a decade or less in some dry ponderosa pine forests to 250 to 800
years or more in forests at high elevations and along the Pacific Coast. Fires provide important
services such as recycling nutrients, regulating the density and composition of young trees, and
creating and shaping wildlife habitat at the stand level. At larger spatial scales wildfire influences
landscape patterns and affects water and sediment delivery in watersheds. Many native plant and
animal species are adapted to post-fire habitats and suffer population declines with fire
exclusion.
Characteristic fire regimes differ markedly among forest types and regions—as well as within
major forest types—and these differences need to be considered in fire and fuel management
policies to assure that these policies are effective and sustain ecological values. Managers,
stakeholders, and policy makers are challenged by the complexity created by this variability,
which defies a simple, one-size-fits-all prescription. Fortunately, plant association groups
(PAGs) provide a surrogate classification of this diversity in forest wildfire regimes that is
effective and scientifically credible, since plant associations have predictable relationships to
characteristic fuels and fire regimes.

Forest Management Before Wildfire
How could forests be managed prior to the inevitable wildfires they will experience, so as to
insure that fires will play their characteristic roles in maintaining the composition, structure, and
function of the forest ecosystem when they do occur? Appropriate management will vary greatly
with the type of forest and its dominant fire regime. Determining the appropriate management
and restoration goals requires that the effects of past land uses first be identified so that those
effects can be specifically remedied. Then appropriate ecologically based restoration and
management policies can be developed. Protected areas require particular management
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approaches that may differ from practices appropriate in managed forests. Each of these topics is
addressed in turn below.
Variable Effects of Fire Exclusion, Logging, Livestock Grazing, and Plantations
The effects of fire exclusion, as well as other activities that affect fire regimes (e.g., logging,
livestock grazing, plantations) on forest structure are not necessarily easy to identify or
demonstrate scientifically; they also vary significantly among forest types and regions. In some
forest types change has been dramatic since European settlement due, for example, to fire
exclusion, logging, grazing, or tree planting (singly or in combination), and restoration is clearly
needed. In other forest types major changes are not apparent and restoration is not needed. In
many cases it has been inappropriately assumed that forests in general or all forests dominated
by a particular tree species have been altered in the same way. In fact, these effects are known to
vary, depending upon the forest type and whether fire was characteristically high, mixed, or low
severity, each of which is discussed below.
Key Findings:
•

Fire exclusion and other human activities have led to significant deviations from
historical variability in some forests but not in others. Restoration treatments are
warranted, sometimes urgently, in those cases where such activities have led to
significant alterations in ecosystem structure, function, or composition, but cannot be
justified ecologically in cases where such changes have not occurred. The following
sections discuss this for forests with different fire regimes.

•

Land uses and fire exclusion do not universally increase fuel loads or fire risk.
Such activities may alter fuels in divergent or complex ways that lead to a need for
decreases in particular fuels and increases in other fuels, if restoration to the historical
range of variability is the goal. For example, fire exclusion can increase tree
regeneration and ladder fuels in some cases and decrease tree regeneration and ladder
fuels in other cases.

Forests Characterized by High-Severity Fires
Forests characterized by high-severity fires are found in several disparate locations: subalpine
forests at higher elevations throughout the West (e.g., lodgepole pine and Engelmann sprucesubalpine fir); the moist and highly productive forests in marine-influenced regions of the Pacific
Northwest; and certain semi-arid woodlands, including some dominated by pinyon-juniper and
by oak-pine-chaparral. High-severity fires, which are usually infrequent, kill most or all of the
trees in large portions of the burn, although such fires typically create a landscape mosaic that
also includes some areas of unburned forest and of low- to moderate-severity burn. Forests
subject to high-severity fires typically support high densities of trees and other woody plants and,
consequently, large fuel loadings. When these dense fuels dry out and an ignition source is
present, the resulting fires can spread rapidly and quickly become difficult or impossible to
suppress. Many large, high-severity fires are probably associated with either infrequent, severe
droughts or short-term synoptic weather patterns or both.
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Key Findings:
•

Fire exclusion has had little to no effect on fuels or forest structure in forests
characterized by high-severity fire regimes—a fact that is especially relevant to fire
policy. High-severity fires are relatively infrequent—coming at intervals of one to many
centuries—while the period of active fire exclusion in these remote forests has been less
than a century. Land uses, including logging, plantations, and grazing, may have
extensively modified the structure of these forests in some areas, but evidence suggests
that fire regimes have not been fundamentally modified.

•

Because fuel structures or tree densities are usually well within the historical range
of variability, “restorative” treatments are ecologically inappropriate in forests
characterized by stand-replacement fire. Modifying stand densities and fuels to levels
that would reduce the potential for stand-replacement fire would render these forests
incapable of fulfilling their characteristic ecological roles, including provision of high
densities of standing dead trees (snags) and other critical elements of fish and wildlife
habitat that are created by fire. Restoration could address other needs, such as restoring
native understory plant diversity, where land use is known to have caused changes.

Forests Characterized by Mixed-Severity Fires
Fire is quite variable in severity and frequency in many mid-elevation and some low-elevation
forests of moderate to high productivity across variable topography in the interior west and some
coastal regions, such as the Klamath-Siskiyou region. In these forests both low- and highseverity fires may occur, with the former often more frequent than the latter. Topographically
complex western mountain landscapes may be especially prone to mixed-severity fire, because
drier south-facing slopes with lower fuel loads can burn at low severity when adjacent, moister
north-facing slopes that support higher tree densities experience high-severity fire. The inherent
variability of mixed-severity fire regimes precludes easy detection and analysis of the effects of
fire exclusion. Exclusion of fire may have allowed tree densities to increase in some areas but
post-fire tree density is naturally high in patches killed by high-severity fire.
Key Finding:
•

Scientific understanding of mixed-severity forest landscapes is limited, making it
difficult to provide ecologically appropriate guidelines for restorative treatments.
These are most often very complex landscape mosaics; hence, it is necessary to plan and
conduct activities at larger spatial scales. In mixed-severity forest landscapes where
sufficient ecological and fire-history information is available, a combination of thinning
and prescribed fire may be useful in restoration. However, only portions of these
landscapes will warrant treatment from an ecological perspective that recognizes the
spatially complex patterns. More scientific research is needed to understand the dynamics
of mixed-severity forest landscapes.

Forests Characterized by Low-Severity Fires

4

The consequences of many human activities—including fire exclusion, logging, tree planting,
and livestock grazing—are most serious in forest types that historically were characterized
primarily by low-severity fires. Low-severity fire regimes were typical of many (but not all) pine
and dry mixed-conifer forests, which occurred on warm, dry sites prior to European settlement.
These fires historically burned fine fuels (e.g., grasses and litter on the forest floor) at regular
intervals. Such surface fires killed few large fire-resistant trees but killed many smaller trees of
all species, helping to maintain open-canopied stands of large, old trees. Human activities since
European settlement have dramatically modified the fuel structure in these forests. Logging of
large fire-resistant trees has eliminated key ecological elements of these forests, including the
large trees, snags, and logs essential to many ecological functions, such as provision of fish and
wildlife habitat. Logging also has promoted higher stand densities in many dry forests by
stimulating dense natural regeneration, even when it was not followed by aggressive replanting.
Key Findings:
•

Restoration of dry ponderosa pine and dry mixed-conifer forests—where lowseverity fires were historically most common—is appropriate and desirable
ecologically on many sites. Mechanical thinning of small stems and prescribed fire are
effective techniques for restoring stand densities to levels that existed prior to fire
exclusion, livestock grazing, logging, and plantation establishment.

•

Retention of large and/or old live trees, large snags, and large down logs in
restoration treatments, such as thinning, is critical to restoring and maintaining
ecological function. Also, other key components of these ecosystems, such as native
understory plants, must be restored or protected for full restoration of natural conditions,
including the potential for characteristic fire behavior.

Priorities and Principles of Ecologically-Based Forest Restoration
Forest restoration varies along a continuum from restoring structure (e.g., reducing densities of
small trees and increasing the density of large trees) to restoring the processes (e.g., low-severity
fire, competition between grasses and tree seedlings) that create and maintain that structure. The
continuum also represents a gradient from symptoms (e.g., uncharacteristically high tree
densities) to causes (e.g., exclusion of fire). A well-established principle in land health, as in
human health, is that treating symptoms may be necessary in the short term, but that ultimately
causes must be identified and treated to restore health.
Appropriate models for restoration will vary with current forest conditions, management
objectives, and plant association groups, among other factors. An essential early step in a
management program is to identify the Desired Future Condition (DFC) to which treatments are
directed. DFCs are often based on conditions that are considered to be within the historical range
of variability (HRV). Precisely achieving some past condition is not a reasonable goal, but
conditions broadly representative of the historical range of variability can often be approximated
through restorative activities. Restoration of processes (e.g., low-severity fire) may allow the re-
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structured forest to eventually equilibrate with contemporary environmental conditions. The
level of threat to particular natural values—such as critical wildlife habitat, watershed and
aquatic values, and existing populations of veteran old trees—should be considered in setting
priorities for restoration treatments.
Areas in the wildland-urban interface (WUI) may require fuel reduction and fire management
policies that are inconsistent with HRV or with maintaining the biodiversity of those sites, even
though carefully tailored treatments can maintain some aspects of biodiversity. Growthmanagement policies could minimize adverse ecological impacts from the WUI.
We provide two case studies—the Klamath Reservation Forest and Rocky Mountain ponderosa
pine–Douglas-fir forests—in the background report to illustrate the wide variety of ecological
conditions and ecologically appropriate management and restoration practices in western forests.
Key Findings:
•

From an ecological perspective priorities for restoration need to be determined on
the basis of ecological considerations and urgency outside of the wildland-urban
interface (WUI). High-priority cases are likely to include areas where significant
ecological values are at risk of undesirable stand-replacement fire. Many of these are
outside of the WUI.

•

On lands where ecological objectives dominate, the desired goal will often be a forest
ecosystem with its fire regime, fuels, tree population structure, and other living
organisms restored to within the historical range of variability. Ideally, the
conditions created must be consistent with the characteristic fire regime of the site—i.e.,
sustainable in the context of the probable fire regime. Deviation from historic conditions
sometimes may be necessary, however, to accommodate an altered biota or environment,
or appropriate social objectives. In such cases the highest conservation values are likely
to be obtained by minimizing deviations from the historical range of variability.

•

Broader conception and implementation of restoration objectives, beyond fuel and
fire mitigation, are necessary to achieve comprehensive, scientifically based approaches
to ecological restoration of western forests. An example is the restoration of understory
plant communities.

•

Restoration plans must recognize and systematically incorporate fire management
needed to maintain the restored forest. Forests are dynamic; therefore, any restoration
program has to provide for sustained fire management in order to maintain the desired
condition. A common-sense goal consistent with ecological science is to achieve restored
forests that are low maintenance, such as can be achieved through managed natural fire,
and, where this is not possible, to use prescribed fire that seeks to mimic as closely as
possible the characteristic fire regime.

•

Large trees of fire-resistant species and large snags and logs have high ecological
importance and should be retained in restoration projects with ecological goals.
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Where present, large and old live trees are the most fire-resistant component of western
forests and are essentially irreplaceable. Snags and logs on the forest floor are key
wildlife features that are deficient in many western forests due to logging.
•

There are risks associated with restorative treatment of stands and landscapes
including: (1) Uncertainties associated with basing treatments on inadequate knowledge;
and (2) Risks associated with not taking restorative actions, including the potential loss of
significant ecological values. An example of the latter is potential loss of spotted owl
habitat to stand-replacement fire, which is uncharacteristic in some landscapes, such as
on the lands that previously constituted the Klamath Indian Reservation in the Eastside
Cascades. Again, we emphasize the need to recognize variability, as portions of
landscapes that are generally characterized as falling within a low-severity fire regime did
experience high-severity fire, at least on occasion.

•

Adaptive management, including properly designed monitoring activities, needs to
be a part of all major restoration programs. Many proposed research and monitoring
activities associated with restoration programs have lacked both sufficient and sustained
funding. Creation of a dedicated funding mechanism to support these activities is
imperative for proposals to provide critical feedback to managers and, secondarily, to
have credibility with stakeholders.

•

Credible, third-party scientific reviews are critical when major controversies arise
as to the scientific merits of proposed activities. Regular processes or mechanisms for
the initiation and nature of these scientific reviews need to be established along with
appropriate funding mechanisms.

Protected Areas Are Essential for Managing Fire for Ecological Diversity
Not all conservation needs can be met in managed forests. Reserves of various kinds are a
fundamental conservation tool whether they are congressionally recognized (e.g., national parks
and wilderness), land allocations (e.g., Late Successional Reserves), or de facto reserves (e.g.,
roadless areas). They provide essential enclaves for species and serve as control or reference
sites for lands managed for commodities. The question of how reserves in fire-prone landscapes
should be managed cannot be addressed by application of a simplistic “one-size-fits-all”
philosophy, but must be guided by consideration of the vegetation structure and composition of
the area in question and its characteristic fire regime.
Key Findings:
•

Reserves may be required for species closely associated with late- or earlysuccessional forests in fire-prone landscapes for a variety of reasons. For example,
unreserved forests are often fragmented by periodic logging or consist only of stands of
trees too small or too open to meet the needs of late-successional species, such as spotted
owls. Species typical of natural post-fire habitats (e.g., many woodpeckers), which
contain abundant standing dead trees, require substantial areas reserved from post-fire
logging.
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•

The reserve concept does provide for appropriate kinds of management and
ecologically compatible human use. Restoring a natural fire regime is most compatible
with the reserve concept, but in cases where fully restoring a natural fire regime is not
feasible, ecologically appropriate management will likely be needed to restore and
maintain biodiversity and the conditions for which reserves were set aside. Some types of
management, such as prescribed burning, and some uses, such as ecological research and
monitoring, are often essential to the persistence of populations, habitat features, and key
ecological processes within reserves. The general goal would be to restore the reserve
landscape to a condition within the historical range of variability (where restoration is
necessary) and then to maintain it in that state with minimal human intervention, or allow
it to equilibrate with contemporary natural conditions.

Management Activities During Wildfire
Fire management policies provide direction regarding responses to wildfire, including such basic
issues as whether or not to suppress wildfires. A generalized policy regarding fire suppression is
inappropriate as evidenced by the negative ecological (and other) impacts of a universal firesuppression policy during the 20th century. Decisions regarding appropriate response to fire need
to consider many ecological and social factors, beginning with the nature of the forest type and
societal goals.
Key Findings:
•

From an ecological perspective, allowing fires to serve their natural role may be
most beneficial ecologically. Certainly, fire must be managed when close to human
settlements and infrastructure and in some cases where economic resource values are
high. Away from these areas—such as in many wilderness areas, national parks, and
large areas of contiguous public lands—there is opportunity to increase the use of
wildland fire, thus benefiting the range of species that require a diversity of natural fire
regimes.

•

Fire suppression may be beneficial to ecological values in some forest landscapes,
particularly where special values are at risk. For example, fire suppression may be
appropriate where rare or unique ecological values (including imperiled species habitat)
could be lost, where uncharacteristic fuel accumulations have created the potential for a
fire that is outside the historical range of variability, or where infrequent high-severity
fires are characteristic but where such fires are not currently viewed as ecologically
desirable (e.g., old-growth forests in Pacific Northwest).

Forest Management After Wildfire
Forest landscapes that have been affected by a major natural disturbance—such as a severe
wildfire or windstorm event—are commonly viewed as devastated and biologically
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impoverished. Such perspectives are usually far from ecological reality. Overall species diversity
measured as number of species—at least of higher plants and vertebrates—is often highest
following a natural stand-replacement disturbance and before re-development of closed-canopy
forest. Important reasons for this include an abundance of biological legacies, such as living
organisms and dead tree structures, the migration and establishment of additional organisms
adapted to the disturbed, early-successional environment, and temporary release of other plants
on the site from dominance by trees.
Currently, natural, early-successional forest habitat—naturally disturbed areas with a full array
of legacies (i.e., not subject to post-fire logging) and experiencing natural recovery processes
(i.e., not seeded or planted)—are among the scarcest habitat condition in some regions, such as
the Pacific Northwest.
Key Findings:
•

Research by both ecologists and foresters provides evidence that areas affected by
large-scale natural disturbances often recover naturally. Post-burn landscapes have
substantial capacity for natural recovery. Reestablishment of closed forest following
stand-replacement fire characteristically occurs at widely varying rates, providing
temporary, but ecologically important and now rare early-successional habitat for a
variety of native species and key ecological processes.

•

Post-fire (often called “salvage”) logging does not contribute to ecological recovery;
rather it negatively impacts recovery processes, with the intensity of such impacts
depending upon the nature of the logging activity. Post-fire logging in naturallydisturbed forest landscapes generally has no direct ecological benefits and many potential
negative impacts from an ecological standpoint. Trees that survive the fire for even a
short period of time are critical as seed sources and as habitat that will sustain many
elements of biodiversity both above and below ground. The dead wood, including large
snags and logs, is second only to live trees in overall ecological importance. Removal of
these structural legacies—living and dead—is inconsistent with our scientific
understanding of natural disturbance regimes and short- and long-term recovery
processes.

•

Post-fire logging destroys much of whatever natural tree regeneration is occurring
on a burned site. This is a fundamental concern since these tree seedlings are derived
from local seed sources, which are most likely the best adapted to the site. Furthermore,
environmental variables, such as moisture and temperature conditions, are major selective
factors in determining which natural tree seedlings survive, which favors genotypes more
tolerant of environmental stresses than are nursery- or greenhouse-grown seedlings.

•

Evidence from empirical studies is that post-fire logging typically generates
significant short- to mid-term increases in fine and medium fuels. In some cases this
may result in increased reburn potential rather than a decreased reburn potential, as is
often claimed. In any case, from an ecological perspective large wood is of demonstrated
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importance in ecological recovery; removing this wood in an attempt to influence the
behavior of a potential reburn event has little scientific support.
•

In forests subjected to severe fire and post-fire logging, streams and other aquatic
ecosystems will take longer to return to historic conditions or may switch to a
different (and often less desirable) state altogether. Following a severe fire the biggest
impacts on aquatic ecosystems are often increased sedimentation caused by runoff from
roads. High sediment loads from roads may continue for years, greatly increasing the
time for recovery.

•

Post-fire seeding of non-native plants generally damages natural ecological values,
such as reducing the recovery of native plant cover and biodiversity, including tree
regeneration. Non-native plants typically compete with native species, reducing both
native plant diversity and cover. Reductions in natural tree regeneration as a result of
seeding of non-native plants have also been reported in numerous studies.

•

Post-fire seeding of non-native plants is often ineffective at reducing soil erosion.
Aerial seeding of grasses (primarily non-native) is common on federal lands following
moderate- to high-severity fire to reduce post-fire erosion. The effectiveness of seeding in
reducing erosion is mixed. Grass seeding generally does not mitigate erosion during the
first winter following fire, when seeded grasses are not yet well established. Seeding may
slow erosion during the second year following fire but is rarely effective during intense
storms.

•

There is no scientific or operational linkage between reforestation and post-fire
logging; potential ecological impacts of reforestation are varied and may be either
positive or negative depending upon the specifics of activity, site conditions, and
management objectives. On the other hand, ecological impacts of post-fire logging
appear to be consistently negative. Salvage and reforestation are often presented as
though they are interdependent activities, which they are not from either a scientific or
operational perspective. From a scientific perspective, policy and practice should
consider each activity separately. As noted above, post-fire logging is a consistently
negative practice from the standpoint of ecological recovery. Natural tree regeneration is
ecologically most appropriate, but intentional reforestation could also be designed to
provide significant ecological benefits in some cases.

•

Accelerated reestablishment of extensive closed forest conditions after fire is usually
not an appropriate objective on sites managed with a major ecological focus.
Wildfires have been viewed historically as events that destroy valuable standing forest
and create undesirable expanses of deforested (i.e., unproductive) landscape. Reestablishment of fully stocked stands of commercially important tree species on burned
sites has been a fundamental forest management objective on most private and public
forestlands; hence the historic commitment to intensive reforestation. However, timber
production is no longer the primary objective on many federal lands, where the focus on
provision of biodiversity and ecosystem services equals or exceeds wood production
objectives. The ecological importance of biological legacies and of uncommon,
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structurally complex early-successional stands argues against actions to achieve rapid and
complete reforestation except where the primary goal is wood production. In addition, it
is also inappropriate to re-establish fully stocked stands on sites characterized by lowseverity fire—the same sites where managers are trying to restore fuel loadings to their
historical range of variability.
•

Where timber production, other societal management goals, or special ecological
needs are the focus, planting or seeding some native trees and other plants using
local seed sources may be appropriate. Ecological assessments of the post-burn area
and considerations of management objectives should be used to determine appropriate
activity. Special ecological circumstances might include a need to restore an uncommon
plant species or habitat for a threatened or endangered species. Innovative practices, such
as low or variable density planting, will likely be more appropriate ecologically than
traditional practices that involve dense tree plantations of one or a few commercial
species. Dense uniform conifer plantations are always inappropriate on sites
characterized by low-severity fire unless the intent is intensive management of such sites
for wood production.

More Ecological Science is Needed in Fire Management
Despite the complexity of fire ecology in western forests and uncertainty over the effects of
particular management actions, the scientific basis for rational decision-making about fire has
improved dramatically in recent years. Some of this improvement is evident in law and policy.
For example, there is explicit attention to old-growth and characteristic forest structure in the
Healthy Forests Restoration Act (HFRA) of 2003:
“In carrying out a covered project, the Secretary shall fully maintain, or contribute
toward the restoration of, the structure and composition of old growth stands according
to the pre-fire suppression old growth conditions characteristic of the forest type, taking
into account the contribution of the stand to landscape fire adaptation and watershed
health, and retaining the large trees contributing to old growth structure.”
Nevertheless, current approaches to implementation of HFRA may be flawed; while attempts are
being made to incorporate the variability of fire regimes and vegetation dynamics among forest
types, there is heavy reliance on expert opinion and unvalidated, over-specified models. Critical
review of the scientific basis for HFRA, FRCC (Fire Regime Condition Classes), and
LANDFIRE from a credible independent source, such as the National Academy of Sciences, is
needed.
More generally, principles of ecological science and the detailed existing knowledge of
individual forest ecosystems need to be incorporated more systematically into the development
of forest fire and fuel policies. A current example is the need to incorporate ecological principles
into proposed legislation dealing with post-fire (salvage) logging and reforestation.
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One barrier to better use of ecological science is that scientists involved in developing fire
policies and practices have tended to be specialists in fire and fuel management, not ecologists,
conservation biologists, or other broadly trained scientists. It is not surprising, then, that current
forest law and policy, such as HFRA, does not adequately incorporate ecological science in its
implementation and tends to promote a narrow definition of restoration that focuses almost
exclusively on fuels.
True ecological restoration requires the maintenance of ecological processes, native species
composition, and forest structure at both stand and landscape scales. Because ecological
variability is great, few universal principles exist for integrating insights from ecology and
conservation biology into fire management and conservation policies. Nevertheless, one
principle that does seem to hold is that as forests are managed or restored, they should not only
support the desired fire regime but also viable populations of native species in functional
networks of habitat.
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INTRODUCTION
The vegetation of North America has been shaped by recurring fires over millions of years. For
example, fossils of pines (Pinus spp.), which are closely associated with fire, date from the
Cretaceous Period more than 100 million years ago (Agee 1998a, Millar 1998). Fire remains the
primary natural disturbance influencing the plant and animal communities of most western
forests today (Habeck and Mutch 1973, Agee 1993). Without periodic fire, many of the
characteristic landscapes of the West would change dramatically and many species that evolved
in the presence of fire likely would decline or become extinct. Humans have used fire for various
purposes for thousands of years, although the extent of their influence on fire regimes in the
American West is controversial and was probably not as great as often assumed (Vale 2002 but
see Anderson 2005). On the other hand, there is little disagreement that many western forests
have been degraded over the past century by ill-informed management. Uncharacteristic fuel
loads contribute to altered fire regimes in some forest types. Urbanization and increased human
habitation of wildlands have intensified problems of managing fire in forested landscapes and the
wildland-urban interface (see Dombeck et al 2004) and have created new problems such as
concerns about smoke from prescribed fires.
The consequences of disrupted forest structures and fire regimes are most serious in forest types
that were historically characterized by low-severity fire. Many of these forests, which are usually
at low elevations and often close to human settlements, are currently experiencing forest-health
problems due to disruption of their structure, particularly by logging, livestock grazing, and
unusually high-severity fires (but see Baker and Ehle 2003), accompanied by continued
suppression of low-severity fires. We note at this juncture that “characteristic” is a sometimes
controversial concept among ecologists, even within this group of authors. Characteristic means
the fire regime and associated structural characteristics that were apparently most common for a
particular forest type historically, before significant disruption of the fire regime by
EuroAmericans. Conversely, the term “uncharacteristic” refers to disturbances, forest structure,
or fuel loads of a scale or type outside the historical range of variability based on site-specific
vegetation reconstructions using tree rings, fire scars, pollen, charcoal, or early historical records.
Characteristic does not imply uniformity, because significant variability occurs within as well as
among forest types in fire regime and structure. Hence, a forest type that was “historically
characterized” by low-severity fire may, on many sites, can experience high or moderate severity
fire (Baker and Ehle 2001). What is characteristic also changes over time, sometimes radically,
for example with changing climate (Pierce et al. 2004). Despite difficulties with the concept,
without some idea of the predominant or characteristic fire regime for a given forest type, little
direction is provided for management strategies. Management then becomes highly laissez faire,
with any kind of fire management considered acceptable and with no target or direction for
restoration. Hence, we use the terms “characteristic” and “uncharacteristic” intentionally but
with the caveats that they do not imply uniformity within forest types and that there are almost
always exceptions to the characteristic pattern and process of a type.
In many forests, key structural elements (e.g., old "veteran" trees), terrestrial and aquatic
biodiversity, and habitat for many threatened and endangered species are already substantially
diminished and at continuing risk of loss. Hence, major public controversies have emerged over
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appropriate wildfire and fuel policies, especially on the public lands of the West. One recent
response has been the Healthy Forests Restoration Act (HFRA) of 2003 (Public Law 108-V148),
a law that has potentially wide-ranging consequences for forests and their biodiversity and,
therefore, must be implemented on the basis of the best available scientific information and
guidance.
Forest and fire policy must be scientifically defensible. Scientists do, and policy-makers should,
recognize a diversity of ecological conditions and fire regimes among western North American
forests as well as the presence of variability across the geographic ranges of widespread types,
such as ponderosa pine (Pinus ponderosa) forest. Management policies also must explicitly
recognize that forest landscapes are mosaics of different forest and non-forest (e.g., meadow)
communities, each with its distinct fire regime and important ecological values.
In this paper we review the scientific literature that is relevant to conservation, restoration, and
management of forests, including those characterized by either low-severity stand-maintenance
or high-severity stand-replacement fire regimes. Our focus is on the forests of western North
America, especially the United States (excluding Alaska). Our review addresses the ecological
science relevant to developing and implementing forest fire and fuel management policies,
including activities conducted before, during, and after occurrence of wildfires. Our focus is
primarily on wildlands, rather than on the wildland-urban interface where ecological values may
be secondary to fire-risk mitigation to protect people and their homes (DellaSala et al. 2004).
Our purpose is to inform dialogue on the development of policies and management practices
related to control and use of fire on public forestlands and appropriate management practices
following such disturbances.
Although our goal is an objective review of scientific information relevant to policies and
management practices, we suggest that ecologically sustainable practices should be based upon
such principles as:
• Broad ecological objectives must be incorporated into definitions of desired future
conditions;
• Restoration projects require a series of treatments. Restoration is generally not going to
be achieved by a single treatment. Current conditions are the consequence of many
decades and, often, multiple human intercessions; hence, restoration will require similar
time and effort.
• Creation of restored forests does not necessarily require intensive and costly continuing
treatments, if there is sustained commitment to science-based management.
• Restoration programs must be planned and implemented at a landscape level, even
though prescriptions are developed and implemented at the stand (local) level.
Furthermore, landscape-level planning and implementation is often the only way to
reconcile conflicting objectives, such as the restoration of forest structure and protection
of imperiled species habitat (Noss et al. 2006)
• Scientific approaches and adaptive management must guide restoration strategies.
Untested approaches should be applied to small areas (i.e., individual stands) to identify
problems (e.g., an increase in invasive species) and validate the approach scientifically
before being widely applied. Credible monitoring programs should be associated with
any landscape-level application.
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•

•

Postfire (salvage) logging and reforestation policies following severe (stand-replacement)
wildfire should take into account the high biodiversity and ecological values of earlysuccessional post-fire habitat, because such practices compromise the recovery and
integrity of post-fire landscapes. Similar concerns may exist following uncharacteristic
stand-replacement wildfire.
Aquatic ecosystems, including the smallest streams, are of overwhelming ecological
importance in planning restoration and post-fire treatments because of their exceptional
sensitivity to many management activities.

FOREST TYPES AND FIRE REGIMES OF THE WESTERN UNITED STATES
Western forests assumed their present tree composition and structure after the end of the
Pleistocene. Fire shaped these forests well before that, however, with fire frequency and severity
varying with climate over millennia (Millspaugh et al. 2000, Pierce et al. 2004). A close linkage
between climate and fire occurs for several reasons. Most western forest landscapes have
sufficient fuels to readily ignite and sustain a fire. Lightning may increase toward higher
elevations in the Southwest, but is common throughout much of the West (Reap 1986). The
region is subject to annual dry weather, often with associated strong winds and significant
droughts every few decades (Veblen et al. 2003). Fire has thus been a periodic disturbance, and
most western trees are adapted to either survive fire or re-colonize after fire (Miller 2000). Fire
provides important services in western forests, such as recycling nutrients, regulating the density
and composition of young trees, creating and shaping wildlife and fish habitat, while also
structuring the spatial pattern of landscapes and influencing water and sediment delivery in entire
watersheds. Many plant and animal species are adapted to post-fire habitats, and populations of
some of them (e.g., certain woodpeckers and other birds) decline after fire exclusion or post-fire
logging (Hutto 1995). Importantly, different species benefit from different fire severities and
times since fire, which suggests that on a regional scale, a variable fire regime is common under
natural conditions and that managers should allow for a range of fire severities (Smucker et al.
2005).
Given fuel, lightning, and dry weather, wildfire is inevitable. Nevertheless, the characteristic fire
regime, especially the extent and severity of the fire and how often it burns, varies over a
surprisingly large spectrum. Fires may recur in western forests from once a decade or less in
some dry ponderosa pine forests to 250 to 400 years or more in coastal forests (Hemstrom and
Franklin 1982, Martin 1982, Covington et al. 1997, Agee 1998b). Even within a single forest
type, fire frequency may vary up to two orders of magnitude across sites, for example from 6 to
600 years in coastal redwood (Sequoia sempervirens) forests (Noss 2000). More frequent fires
typically are lower in intensity (energy output) and severity (impact on vegetation) than highseverity fires, which are usually infrequent, such as the 1988 Yellowstone fires. Major western
forest types can be characterized by a historical dominance of high-severity fire, mixed-severity
fire, or low-severity fire (Table 1), which are treated in the following sections.
These characteristic fire regimes result from a combination of forest type, fuels, topography,
climate, and ignition sources (Schoennagel et al. 2004a). High fuel loads, high tree density,
ladder fuels, and large dead wood are characteristic of many high-severity fire regimes typical of
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productive or high-elevation temperate forests (Agee 1993). However, these abundant fuels
rarely dry out fully, because the climate is typically moist, except during unusual droughts, when
fire intensity and spread can be exceptional. In contrast, dry, less productive forests may have
annual droughts that lead to more fire. As a consequence of higher fire frequencies, fuel
accumulations and fire intensities were characteristically lower in such forests than in coastal or
subalpine forests.
Using Plant Associations to Identify Characteristic Fire Regimes
Characteristic forest fuel and fire regimes differ markedly among forest types and regions—as
well as within major forest types, such as the ponderosa pine forests that are widespread across
western North America (Covington and Moore 1994, Baker et al., in press). Recognition of these
differences is an essential first principle in development of any science-based fire management
policy (Franklin and Agee 2003). The diversity of forest types and fire regimes must be
acknowledged and accepted as a natural imperative if fuel and fire management programs are to
be scientifically credible and ecologically sound. Otherwise, unintended consequences may
ensue.
Plant associations provide an existing scientific basis for recognizing forest communities that
have predictable relationships to fuels and fire regimes, as well as to other attributes that are
important to resource management, such as productivity. Plant associations are recognized
through the systematic study and classification of forest communities based upon such
characteristics as plant species composition (including both trees and shrubs and herbs found in
the understory) and environmental features, including soils. Formal studies of plant associations
in western North America were undertaken by academic scientists over 50 years ago (e.g.,
Daubenmire 1952). Research on plant associations expanded rapidly in the 1970s when federal
land management agencies began employing large numbers of plant ecologists to develop
comprehensive plant association classifications for their lands. Studies of this type were also
undertaken by many states.
The forests of the western United States are now comprehensively covered by scientifically
based plant association classifications. Publications, including field guides, identify and
characterize the plant associations. Many include key attributes for recognizing each plant
association in the field, such as by diagnostic plant species and forest structures. Plant
associations have been mapped in some land management units, such as some national parks and
forests. The majority of resource management personnel have been trained in the recognition and
application of plant associations. There are literally hundreds of relevant published reports, but
we only cite a few to indicate the diversity of geographic regions and land ownerships for which
scientifically-based plant association classifications exist: forests of eastern Washington and
northern Idaho (Daubenmire and Daubenmire 1968); ponderosa pine forests of northern Arizona
(Hanks et al. 1983); forests of eastern Idaho and western Montana (Steele et al. 1983); Rocky
Mountain plant communities (Alexander 1985); Colville Indian Reservation, Washington
(Clausnitzer and Zamora 1987); Willamette National Forest, Oregon (Hemstrom et al. 1987);
Black Hills National Forest, South Dakota and Wyoming (Hoffman and Alexander 1987); Custer
National Forest, Montana and South Dakota (Hansen and Hoffman 1988); Mount Rainier
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National Park, Washington (Franklin et al.1988); Olympic National Forest, Washington
(Henderson et al. 1989); and Alaska plant communities (Viereck et al. 1992).
In developing policies and generalized forest practices it is generally useful to group together
plant associations that have similar attributes; these are known as “plant association groups” or
PAGs. Creation of PAGs is necessary because literally hundreds of plant associations have been
identified in the western United States. While these differ in various attributes and management
potential, it is not necessary to deal with each plant association individually. Rather, PAGs can
be created, which can be used as a basis for policy development and management prescriptions
related to fire that recognize the diversity present in the forests of the western United States.
Nevertheless, it is important to note that there is, in fact, a continuum of forest types and
characteristic fire regimes. That is, fire regimes tend to vary continuously in space and time,
rather than falling into a few discrete categories, although such categories may be useful for
recognizing general patterns (such as the low-, mixed-, and high-severity fire regimes used in
this report). Characteristic fire regimes will typically change gradually with such factors as
elevation and location along a precipitation gradient. Often these changes will be reflected in
shifting probabilities of specific types of fire behaviors. Similarly, characteristic fire regimes
shift over time with climatic cycles that extend over decades, centuries, and millennia; it is often
useful to recognize the possibility that past fire regimes almost certainly differed from the current
regime and may change again—and, in fact, appear to be changing now with global warming
(McKenzie et al. 2004, Pierce et al. 2004). Despite evidence of long-term changes in vegetation
with climatic change, PAGs remain a useful tool for planning scales of decades.
High-severity fire regimes
Infrequent high-severity fire regimes are characteristic of subalpine forests found at higher
elevations throughout the West and of the moist and relatively productive forests generally found
in marine-influenced regions of the Pacific Northwest, including portions of northern Idaho and
western Montana (Table 1). High-severity fires kill most or all trees in major portions of the
burn, although fire pattern is often a mosaic that includes some areas of unburned forest and of
low- to moderate-severity burn. This seems to be true in such diverse forests as the highly
productive, coastal forests dominated by Douglas-fir (Pseudotsuga menziesii) (e.g., Agee 1993)
and low productivity, high-elevation lodgepole pine (Pinus contorta) forests in the Rocky
Mountains (e.g., Turner et al. 1994, Wallace 2004).
Stand-replacement fires occur predominantly as crown fires, which travel through the tree tops,
although intense surface fires can kill trees by heating the roots and lower stem. Forests subject
to high-severity fire regimes typically support high tree densities, so when these dense fuels dry
out and an ignition source is present the resulting fires can spread rapidly and are essentially
impossible to suppress. Many large, high-severity fires probably are associated with infrequent,
severe drought events (Agee and Flewelling 1983, Kipfmuller and Swetnam 2000, Westerling et
al. 2003), often in association with broad-scale climatic anomalies (Johnson and Wowchuk 1993,
Gedalof et al. 2005, Schoennagel et al. 2005). However, many of the large, historic fires of the
early 20th century (e.g., Yacolt and Tillamook Burns) were the result of short-term weather
patterns involving relatively short periods of hot, dry east winds and human ignitions (e.g.,
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smoldering fires associated with land-clearing activities and logging activities), so such shortterm patterns may also have been important during pre-western-settlement times.
Forested landscapes subject to high-severity fire regimes are typically subject to large but
infrequent fire events. However, these landscapes are also characterized by more numerous but
smaller high-severity fires, which tend to occur under less extreme weather conditions. Examples
are some subalpine and coastal forest landscapes (Renkin and Despain 1992, Agee 1993, Bessie
and Johnson 1995).
Some coastal forests, such as Sitka spruce (Picea sitchensis)-western hemlock (Tsuga
mertensiana) in the coastal ranges of Oregon and Washington and on the western Olympic
Peninsula, and very high-elevation inland forests have rarely experienced fire. In these forests,
wind replaces fire as the stand-replacement disturbance (Henderson et al. 1989, Franklin and
Halpern 2000). Forests from which wildfires are essentially absent become even more common
to the north in parts of coastal British Columbia (Lertzman et al. 2002) and southeast Alaska.
Hence, not all western North American forests with high fuel loadings are characteristically
subject to wildfire.
In contrast to climate, the effect of relative fuel abundance on high-severity fire regimes is
ambiguous. Many forests characteristically experiencing high-severity fire are relatively
productive; hence fuel loads are high. Under presettlement conditions this was true of both
young and old forests, due to high levels of biological legacies (i.e., snags and logs) and
relatively high tree densities (Spies et al. 1988). This is certainly the case in the Pacific
Northwest and in portions of northern Idaho and western Montana.
Subalpine forests may not follow the model of uniformly high fuel loadings throughout
succession as closely as more productive forests (Romme 1982). On the subalpine plateaus of
Yellowstone National Park, comprised of lodgepole pine forests over relatively flat terrain, fuels
related to stand age and density had no influence on fire severity during extreme weather
conditions. Nevertheless, during less extreme climate conditions older stands appear more likely
to burn (Renkin and Despain 1992, Turner et al. 1994). In the boreal forest, extreme climate also
appeared to override the importance of variability in fuel loads related to stand age and
composition (Bessie and Johnson 1995). In more heterogeneous subalpine landscapes of
Colorado, however, forest species composition (aspen [Populus tremuloides] vs spruce [Picea
engelmannii]-fir [Abies lasiocarpa]) has a significant influence on the spatial pattern of fire
severity even under extreme weather conditions (Bigler et al. 2005.
Fire exclusion has had little to no effect on fuels in forests characterized by high-severity fire
regimes – a fact that is especially relevant to fire policy. Many of these forests are remote and at
high elevation, making access for fire-fighting difficult. Furthermore, high-severity fires are
relatively infrequent (from one to many centuries; Hemstrom and Franklin 1982, Romme and
Despain 1989, Agee 1993, Kipfmueller and Baker 2000, Veblen 2000), while the period of
active fire exclusion in these remote forests is 50 years at most. Therefore, the length of the fire
exclusion period is short relative to the expected fire-free interval. As a consequence, exclusion
has not significantly lengthened fire intervals, which is in marked contrast to low-severity fire
regimes (see below). Furthermore, biomass (fuel) is always high in productive forests (Franklin
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and Dyrness 1973), and there is no consistent relationship between time since the last fire and
fuel abundance, even if fire frequency had been affected (Brown and Bevins 1986, Odion et al.
2004). Lastly, large high-severity fires occurring under extreme weather conditions are very
difficult, if not impossible, to suppress once underway (Wakimoto 1989).
Fire exclusion may have had some effects on forests characterized by high-severity fire regimes,
especially on a landscape scale. For example, it is possible that the size of high-severity fires has
been reduced over the last few decades by fire exclusion and habitat fragmentation. It is also
possible that fire suppression has eliminated the ignition sources for some high-severity fires that
a smoldering fire might have provided. Nevertheless, neither fuel conditions nor fire-return
intervals are outside the historical range of variation in forests characterized by high-severity
fire. Furthermore, exclusion is not likely to be able to contain all intense fires in regions subject
to stand-replacement fire regimes; hence, a continued regime of intense stand-replacement fire
can be expected, particularly under extreme weather or drought conditions – circumstances that
are expected to increase under some climate change scenarios, which predict generally longer
fire seasons (McKenzie et al. 2004).
There is no evidence to suggest that any restoration of fuel structure or tree density is appropriate
in forests subject to high-severity fire regimes because fire exclusion has had a minimal impact
on the stand-level structure of such forests (Franklin and Agee 2003, Brown et al. 2004,
Schoennagel et al. 2004a). Tree densities and fuel levels in these forests are either within the
historical range of variability or, in the case of harvested stands, below characteristic levels as a
result of logging and associated slash treatments. Indeed, reducing stand densities and fuels to
levels that would significantly decrease the potential for stand-replacement fire would create
forests incapable of fulfilling their ecological roles, including provision of wildlife habitat.
Consequently, neither prescribed fire nor mechanical thinning is warranted in wildland forests
characterized by a high-severity fire regime, considering their characteristic fire behavior, stand
structure, and biodiversity. Furthermore, it is doubtful whether such moderate fuel reductions
would be effective in reducing fire severity under the extreme climatic conditions that typically
trigger high-severity fires in these subalpine and productive coastal forests. On the other hand,
fire suppression programs may be appropriate in some high-severity areas to protect less
common old-growth and young post-fire stages of forest development, as well as in the wildlandurban interface (DellaSala et al. 2004).
Mixed-severity fire regimes
Fire is quite variable in intensity and severity in certain mid-elevation forests of moderate to high
productivity across variable topography (Table 1). In these forests, both low- and high-severity
fires may occur with the former probably more frequent than the latter. Furthermore, in the
mixed-severity fire regimes individual fires may be variable in severity. For example, during the
2002 Hayman fire in a ponderosa pine-Douglas-fir landscape in Colorado, about 25,000 ha
burned at high severity on a single day during exceptionally dry and windy conditions, but when
the winds subsided and fuel moisture increased, the fire burned at low severity (Finney et al.
2003).
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In addition to effects of shifts in weather during a fire, variable fire severity can result from
spatial heterogeneity in topography, which affects microclimate, the relative abundance of fuels,
and the legacies of past episodes of fire and other natural disturbances. Topographically complex
western mountain landscapes at mid- to low-elevations may be especially prone to mixedseverity fire, because drier south-facing slopes with lower fuel loads may burn at low-severity
while adjacent moister north-facing slopes that support higher tree densities may experience
high-severity fire (Taylor and Skinner 2003, Spies et al. 2006) or, alternately, escape fire due to
their moister conditions. Patches burned at high-severity in the past may tend to perpetuate
themselves by characteristically regenerating to young, dense forests that provide places where a
subsequent low-severity fire can again climb into the forest canopy, perpetuating a patchy
landscape mosaic (Baker et al., in press). Patchy accumulations of fuels may lead to a finer-scale
patchiness as fires run along the surface, torching individual trees and groups of trees (Taylor
and Skinner 1998), but mixed-severity regimes have moderate to large patches of high-severity
fire as well (Veblen and Lorenz 1991, Brown et al. 1999).
Due to the complexity of the mixed-severity fire regime, little is known about characteristic
spatial and temporal variation in patch sizes, which are partially stochastic and partially
predictable based on topography (Agee 1998b). Ecologists have only recently begun to
characterize quantitatively this mixed-severity fire regime by combining evidence of standreplacement fire, which is harder to reconstruct, with evidence of surface fires. In the past, some
sites experiencing mixed-severity fire regimes may have been mischaracterized as low-severity
fire regimes, because only surface-fire evidence was assembled. Recently, there has been an
increase in the number of studies recording mixed-severity fire in moister ponderosa pine forests
(Shinneman and Baker 1997, Brown et al. 1999, Kaufmann et al. 2000, Ehle and Baker 2003,
Sherriff and Veblen in review) as well as in mixed evergreen-conifer forests (Odion et al. 2004).
Lack of sufficient landscape-scale data in many places makes it challenging to determine
whether or not a mix of fire severities is characteristic.
The inherent variability of mixed-severity fire regimes precludes easy detection and analysis of
the effects of fire exclusion. Exclusion of fire since EuroAmerican settlement may have allowed
tree densities to increase in some areas (e.g., Parsons and DeBenedetti 1979). Yet, post-fire tree
density was characteristically high in patches killed by high-severity fire (Taylor and Skinner
1998, Baker et al., in press). We lack adequate data on stand structure and development
following fires of different severity under the mixed-severity fire regime. Consequently, one
cannot assume that high tree density or an abundance of shade-tolerant trees on mixed-severity
sites is the result of fire exclusion. On a landscape scale, an effect of fire exclusion in this fire
regime might be to create a more homogeneous, less patchy structure (Taylor and Skinner 1998,
Odion et al. 2004). However, landscapes subject to this fire regime may go through periods of
relative homogeneity, associated with infrequent episodes of higher-severity fire, which alternate
with periods of high heterogeneity during intervals with smaller, less severe fires (Baker et al., in
press).
Restoration of mixed-severity landscapes thought to be affected by fire exclusion thus is
exceedingly complex and uncertain at the present time. Where sufficient fire-history information
is available, a combination of thinning and prescribed fire might be used in restoration, yet only
parts of these landscapes may warrant treatment, because spatial variability is a hallmark of these
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landscapes. Hence a landscape- rather than a stand-level approach to restoration is warranted,
especially when considering that many species (e.g., birds) depend on diversity in fire severity
and post-fire conditions across the landscape (Smucker et al. 2005). Prescribed fires or thinning
that do not match the scale or pattern of the historical fire regime or target the right patches may
not lead to restoration, but simply to further alteration (Baker 1993, Taylor 2000). Low-severity
prescribed fires will not restore the mosaic of patches created by high-severity fire that
characterized these forest landscapes, yet managers may be averse to burning when conditions
might lead to some high-severity fire. These fire regimes are inherently complex and therefore it
is difficult to define and implement appropriate restoration.
Low-severity fire regimes
Low-severity fire regimes characterized many pine and mixed-conifer forests that were found on
warm, dry sites prior to European settlement (Table 1). Woodlands of juniper (Juniperus spp.),
pine, and hardwoods often bounded these forests at lower elevations and forests with mixed- and
high-severity fire regimes at higher elevations. Fires in these ponderosa pine and dry mixedconifer forests historically burned fine fuels (e.g., grasses and litter on the forest floor) at regular
intervals (Swetnam and Baisan 1996, Veblen et al. 2000, Heyerdahl et al. 2001, Stephens and
Collins 2004). These surface fires rarely killed large fire-resistant trees but killed smaller trees of
all species, thereby helping to maintain open-canopied stands.
Forests that characteristically experienced this fire regime include the majority of dry ponderosa
pine (or, sometimes, Jeffrey pine [Pinus jeffreyi) and dry mixed-conifer forests that occur on the
east slopes of the Cascade Range in Oregon and Washington and are widespread in the Sierra
Nevada, the intermountain region, and the southwest. However, some dry western forests are
exceptions and naturally experience mixed- or high-severity regimes, including some ponderosa
pine forests around the West (e.g., Shinneman and Baker 1997) and many gray pine (Pinus
sabiniana) forests in the Sierra Nevada of California. A reassessment in the Rocky Mountains
suggests that a small fraction (i.e., < 20%) of ponderosa pine-Douglas-fir forests—particularly
those on the driest sites at lowest elevations—fit the model of a typical low-severity fire regime
(Sherriff and Veblen, in review; Baker et al., in press).
Human activities following European settlement—including fire exclusion, grazing, logging, and
tree planting –dramatically modified the fuel structure in forests that were characteristically
subject to low-severity fire. The high level of modification is the result of many factors
including: accessible locations of many of these forests, their vulnerability to modification (often
due to relatively low productivity), and the relative ease of extinguishing the surface fires.
Furthermore, diverse activities have often interacted synergistically, as noted below.
Organized fire suppression programs have been underway since the early 1900s in many western
forests and, as a consequence, the length of fire intervals has increased markedly on sites
characterized by low-severity fire (Covington and Moore 1994, Veblen et al. 2000). On the other
hand, the contribution of active fire suppression programs to reduced fire frequencies has
probably been over-exaggerated in the popular literature.
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Grazing by livestock has been a significant factor affecting forests for longer than fire
suppression throughout the western United States. Grazing reduces the fine (grassy) ground fuels
that carry surface fires and also indirectly facilitates establishment of dense tree reproduction by
reducing or eliminating herbaceous competition (Pearson 1942, Rummell 1951, Madany and
West 1983, Savage and Swetnam 1990, Baisan and Swetnam 1997, Belsky and Blumenthal
1997). Hence, fire suppression and grazing both contributed to an increase in stand densities in
many western forests, notably the southwestern ponderosa pine forests in Arizona and New
Mexico (Covington and Moore 1994, Friederici 2003). It is clear that forest restoration programs
need to pay greater attention to the effects of livestock grazing on fire regimes and regeneration
conditions.
Logging of large fire-resistant trees using either selective cutting or clear cutting methods has
eliminated key ecological elements of forests that were historically maintained under lowseverity fire regimes. This means that structural habitat elements (large trees, snags, and logs)
that are essential to many ecological functions, such as fish and wildlife habitat, are no longer
present on many sites. Logging also has promoted higher stand densities in many dry ponderosa
pine forests by stimulating dense natural regeneration (Agee 1993, Smith and Arno 1999,
Kaufmann et al. 2000) or by tree planting with the intent to increase wood production through
dense, even-aged stands. Such logging and reforestation programs have dramatically altered the
fuel structure of these forests, moving them from relatively open stands with low fuel loadings
and limited ladder fuels to dense stands that can develop and carry crown fires (Skinner 1995).
Tree plantations are particularly likely to burn at high severity. When high-severity fires occur in
forest types usually characterized by low-severity fire, the suite of birds and other species that
are post-fire-habitat specialists in other parts of the West may fail to colonize these areas (Saab
and Powell 2005). Thus, unexpectedly low bird diversity may occur in some post-fire forests.
Restoration of dry ponderosa pine and dry mixed-conifer forests, where low-severity fires are
characteristic, is often appropriate and desirable (McKelvey et al. 1996, DellaSala et al. 1998,
Allen et al. 2002, Franklin and Agee 2003, Friederici 2003, Brown et al. 2004, Schoennagel et al.
2004a). Mechanical thinning and prescribed fire have been shown to be effective means of
reducing stand densities to their level prior to the influences of fire exclusion, grazing, or logging
(Covington et al. 1997, Moore et al. 1999). However, such management alone may be
insufficient to restore these forests, if other key components of these ecosystems (e.g., native
understory plant composition) remain compromised by historical and on-going land uses, such as
grazing and logging.
Evidence from recent wildfires indicates that thinning of smaller trees with removal of slash
(small trees, branches, and tree tops) or prescribed fire can effectively reduce fire severity in dry
ponderosa pine forests (Schoennagel et al. 2004a, Agee and Skinner 2005). This suggests that, in
contrast to the high-severity fire regime, even under extreme climate conditions fuel abundance
and configuration can effectively influence fire behavior in forests that characteristically
experienced low-severity fires (Agee 1997, Perry et al. 2004). Nevertheless, not all thinning
prescriptions are effective in reducing fire severity (Brown et al. 2004, Agee and Skinner 2005,
Stephens and Moghaddas 2005). Empirical research is sparse on the type, degree, frequency,
scale, and pattern of thinning and prescribed fire for effective return of low-severity fire to these
forests (Rhodes and Odion 2004). Furthermore, returning low-severity fire to these forests may
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hinge on restoring understory plant communities that can carry surface fires and compete with
tree seedlings, thereby helping to maintain more open and species-rich stands. Forest
understories are intrinsically important, because much of the forests’ plant diversity is found
there. Plant diversity in the understory declines in many forests as forest canopies close due to
logging and grazing, accompanied by the loss of low-severity fires (e.g., Covington and Moore
1994).
RESTORATION OF FORESTS WITH ALTERED FIRE REGIMES AND STRUCTURES
Various aspects of forest restoration are considered in this section, which begins with a view of
forest restoration as a continuum of possibilities.
Principles of Forest Restoration
Forest restoration may vary along a continuum from restoring structure, such as density of large
trees, to restoring the processes (e.g., low-severity fire, grass competition) that create and
maintain that structure (Figure 1). The continuum also represents a gradient from symptoms
(e.g., uncharacteristic tree density) to causes (e.g., exclusion of fire). It is a well-established
principle in land health, as in human health, that treating symptoms may be necessary, but to
restore health requires identifying and treating causes.
Ecological restoration invariably begins on the left side of the continuum (Figure 1), but if
restoration focuses only on symptoms, periodic and costly re-treatments will inevitably be
necessary. Therefore, identifying and reforming the causes that led to the need for restoration is
the essential first step in any ecological restoration project (Hobbs and Norton 1996, DellaSala et
al. 2004). For example, consider a ponderosa pine forest that currently is uncharacteristically
dense due to overgrazing by livestock; if this stand is thinned but the fire regime and native
understory are not restored, dense tree regeneration is likely to develop, leading to the need for
another thinning treatment in a potentially endless cycle. The density of young trees in ponderosa
pine forests is held in check, in part, by competition from native bunchgrasses. Restoration of
native understory shrubs, forbs, and particularly bunchgrasses would allow competition to aid in
cementing the restored structure. If livestock grazing is maintained at levels that are too high to
allow the restored understory to persist, periodic restoration of the understory may be needed.
Restoration of the processes that regulate structure is more likely to lead to a low-maintenance
system that is more sustainable, requiring little or no costly re-treatment.
The restoration continuum also represents a gradient from high human inputs on the left to more
maintenance by nature on the right. This is useful to consider because our understanding of how
to manage ecosystems remains imperfect. We do not know the details of how to manage fire in a
way that will fully maintain ecosystem processes and services, nor is it common practice to focus
on this goal. Prescribed fire, for example, often differs from unmanaged fire in pattern, severity,
or effects. Prescribed fires are typically planned for safe periods when fuel moisture is relatively
high, and often aim to simply reduce fuel loads—i.e., they are “cool” fires and often leave a
more homogeneous pattern compared to the heterogeneous mosaic produced by most natural
fires (e.g., Allen et al. 2002, Turner et al. 2003). Prescribed fires can actually exacerbate past
effects of fire exclusion, rather than restore landscapes, if they are not done in the right place at
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the right time (Baker 1993). Restoring the natural fire regime to operate without human
intervention, where possible, is most likely to lead to sustainable and effective ecological
restoration (Noss et al. 2006).
Appropriate models for restoration will undoubtedly vary with current forest conditions,
management objectives, and plant association group, among other factors. An essential early step
is identifying the Desired Future Condition (DFC) or the target of the trajectory of change of a
management program. DFCs are often based on conditions that are considered to be within the
historical range of variability (HRV; Landres et al. 1999, Veblen et al. 2003). Precisely achieving
some past condition is likely to be difficult, but conditions broadly representative of the HRV
can often be approximated or partially restored. Restoration of processes (e.g., low-severity fire)
may allow the re-structured forest to eventually equilibrate with contemporary natural
conditions.
The identified restoration model, trajectory of change, or DFC may represent a significant
departure from the historical range of variability in some cases or even represent a unique
condition. Restoring a fire regime that resembles the pre-European settlement regime may not be
possible in densely settled regions or in the wildland-urban interface (Marzluff and Bradley
2003, DellaSala et al. 2004, Radeloff et al. 2005). Understory species composition or structure
may have changed as a result of invasive species. The DFC may include elements that were not
characteristic historically, such as higher populations of old-growth trees or abundant forage
production for wildlife in the understory. The model for restoration in these cases may need to be
built from considerations of how fire fits into the contemporary landscape and how it can be used
to meet specific goals, such as satisfying the needs of imperiled native species (Engstrom et al.
2005, Purcell and Stephens 2005). Even in these cases, a review of historical conditions is an
important starting point for restoration planning, as such conditions are broadly representative of
the evolutionary environment of the species native to a forest type (Covington 2003). Of course,
any DFC or restoration model needs to be sustainable under the fire regime that is characteristic
for the site.
Two common restoration situations recur in dry ponderosa pine and mixed-conifer forests in the
West. The prevalent restoration situation occurs in landscapes dominated by post-logging,
grazed, or post-fire forests on sites that were characteristically subject to low-severity fire
regimes. These landscapes are currently dominated by dense, middle-aged (i.e., 50-150 years)
forests, which often have been commercially thinned or otherwise treated. Prior to logging they
were old-growth forests, but currently they have few or no remnant pre-EuroAmerican trees. A
restoration focus based on HRV is facilitating redevelopment of old-growth structure in these
landscapes (Covington et al. 1997, Allen et al. 2002). The risk of loss of individual stands to
high-severity fire is not high, because this stand structure is common in the West.
The less common situation occurs where remnant old-growth trees persist on sites characterized
by low-severity fire regimes but with a significant cohort of small post-suppression trees. Here
both risks and value are higher than in the predominant situation. If HRV is the model,
restoration may focus on protecting and perpetuating the pre-EuroAmerican trees. This is done
by lowering the density of post-settlement trees, particularly around the remnant old-growth
trees, thereby reducing competition and potential fuel ladders (Spies et al. 2006). Old-growth
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trees and the habitat they provide require centuries to replace, and it is thus reasonable to give
such trees and other scarce habitats special attention as a part of restoration efforts, even if it
requires departures from the HRV to perpetuate them.
Indeed, level of threat to particular natural values—such as critical wildlife habitat, watershed
and aquatic values, and existing populations of veteran old trees—is a key issue in setting
priorities for restoration treatments and in determining whether HRV or other restoration goals
may be most appropriate. Departure from historical fire frequencies may not be the best way to
index existing threats to natural values, even though this method of prioritization is specified in
the Healthy Forests Restoration Act of 2003. For example, in some parts of the western United
States sites belonging to the ponderosa pine PAGs may be out of synchrony with their natural
fire cycle. However, other sites on the same landscapes belonging to the dry mixed-conifer
PAGs, may actually have larger fuel accumulations and be more at risk of uncharacteristic fires,
even though they may have missed fewer burn cycles. This is because the dry mixed-conifer
forest sites have much higher productivity and include shade-tolerant tree species, such as grand
fir (Abies grandis) or white fir (Abies concolor), that provide extraordinarily effective ladder
fuels (i.e., branches and other fuels that can carry fire up into the forest canopy).
On public lands, restoration programs must consider impacts on ecological values associated
with terrestrial and aquatic ecosystems, not just effects on forest fuels and potential fire behavior
(Friederici 2003). Ecological restoration involves much more than fuels reduction and other
narrow treatments, and should be carefully designed to minimize impacts to sensitive biotic and
abiotic components of the ecosystem (e.g., herbaceous plants, soils). Urban fringe areas may be
an exception to this rule in that concerns about high fuel loads and potentially extreme fire
behavior may overwhelm consideration of negative ecological impacts of treatments (Covington
2000, Marzluff and Bradley 2003, Radeloff et al. 2005, Prather et al. in press).
Case Studies of Restoration
Forest types and regions differ widely in the degree to which they have been altered from their
characteristic structure and composition and, therefore, in the appropriate steps (treatments) that
are needed to achieve the restored (desired) condition. In this section we provide two examples
to illustrate the various restoration treatments that may be needed.
Klamath Reservation Forest Restoration
The strategy for restoration of the Klamath Reservation Forest was developed for the Klamath
Tribes as part of their effort to regain tribal lands purchased by the federal government in 1954
and incorporated into the national forest system as portions of the Winema and Fremont National
Forests. The plan was guided by a tribal vision of restoring the forests and landscapes to a more
characteristic and sustainable condition (Johnson et al. 2003). However, the US Forest Service
and other stakeholders are interested in the strategy as a general approach to restoration of forests
in eastern Oregon, regardless of land ownership.
Open ponderosa pine forests dominated the forest landscape early in the 20th century based on a
detailed inventory and mapping completed in 1921 and confirmed by USDA Forest Service type
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map produced in 1936. The structure of these forests typically was a complex fine-scale patch
mosaic produced by chronic, low severity fires, which is dominated by large, fire-resistant oldgrowth pine trees (Figure 2) (Franklin and Van Pelt 2004). Extensive selective logging of the
ponderosa pine forests began in 1916 and continued under the supervision of the Bureau of
Indian Affairs until the reservation was terminated and lands were sold in 1954. Subsequently
the lands under consideration were purchased by the United States government and incorporated
into portions of the Winema and Fremont National Forests. Extensive timber harvesting
continued under Forest Service administration, shifting from single-tree selection based upon
bark-beetle risk ratings to even-aged management regimes in all forest types (ponderosa pine,
mixed conifer, and lodgepole pine) through the 1980s. Logging coupled with tree planting and
fire suppression have resulted in existing forests which, on average, are substantially denser,
structurally simpler, and richer in shade-tolerant species than was characteristic of the pre-20thcentury landscape. Currently, however, most stands still contain residual old-growth trees.
Under the Klamath Tribes’ Economic Self-sufficiency Plan, lands were to be managed under a
restoration strategy with the following objectives: 1) restoration of forest stand structure to levels
similar to the HRV; 2) reduction of overall fuel levels and continuity to decrease the potential for
uncharacteristic stand-replacement fires; 3) restoration of more natural fire regimes; 4) increased
carrying capacity for deer, elk, and other favored wildlife and fish species; 5) enhanced spiritual
and cultural values; and 6) production of sustained monetary and subsistence income.
Plant association groups and current structural condition classes provide the basic stratification
for silvicultural treatments. Primary PAGs recognized in the Klamath forest are Ponderosa Pine,
Dry Mixed Conifer, Moist Mixed Conifer, and Lodgepole Pine; in some cases these have been
further subdivided. Forests within each PAG or habitat type are classified into one of four current
structural conditions: complex, simplified, recovering clearcut, and open. In the case of
Ponderosa Pine and Dry Mixed Conifer PAGs, complex forests are those which include a largediameter tree component, a spatially complex pattern of stand structural units (Figure 2), and a
well-developed understory of shrubs and herbs. Simplified forests have a uniformly dense stand
structure of small to medium-sized trees with few or no large- diameter trees and
uncharacteristically high fuel loadings, reflecting the combined consequences of logging and fire
suppression. Priority areas identified for treatment are forests with a residual old-growth pine
component that is at risk of loss to either uncharacteristically intense fires (due to fuel
accumulations) or bark beetle attack (due to stress from competing vegetation).
Silvicultural goals for forests on sites belonging to the Ponderosa Pine and Dry Mixed-Conifer
PAGs include: 1) retention of all existing old-growth pine trees and, ultimately, restoration and
maintenance of a characteristic old-growth population structure; 2) restoration of stand densities
and fuel loadings to levels that will significantly reduce the potential for stand-replacement fire
and excessive loss of old-growth trees to competition; and 3) management of young and mature
components of the stand to provide for old-growth tree replacements. In this restoration strategy,
all dead and dying old-growth trees are retained along with all live old-growth trees in order to
provide snags and logs that are characteristic of old-growth stands on these sites. This approach
is consistent with the old-growth direction provided in the Healthy Forest Restoration Act: “fully
maintain, or contribute toward restoration of, the structure and composition of old-growth stands
according to the pre-fire suppression old-growth conditions characteristic of the forest type. . .
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and retaining the large trees contributing to old-growth structure” (Healthy Forests Restoration
Act of 2003).
The Klamath restoration plan proposes to consider and treat entire large (e.g., 5,000-10,000 ha)
landscape units; not all portions of each landscape will actually be treated, but each will be
planned as a complete entity. Northern spotted owls (Strix caurina occidentalis) are present in
some portions of the Klamath forest proposed for restoration, and the plan incorporates a
landscape-level component to provide for maintenance of populations of the owls and their
primary prey species. Dense mixed-conifer forests (with crown closure >60%) with a significant
component of white or grand fir and/or Douglas-fir are needed as nesting, roosting, and foraging
habitat for northern spotted owls where they occur in dry landscapes on the eastside of the
Cascade Range. Such forests are at high risk of loss to uncharacteristic stand-replacement
wildfire; for example, on the Deschutes National Forest 18 of 24 northern spotted owl home
ranges (all in Late Successional Reserves) have been lost to recent wildfires. Although such
losses have not yet occurred in owl habitat in the Klamath restoration landscape, the risk of
habitat loss is very high.
The restoration strategy will attempt to conserve owl habitat by embedding islands of denser
forest within a landscape that has otherwise been treated to reduce fuel loadings. Embedding owl
habitat in a landscape that has been treated to significantly reduce the potential for large scale,
stand-replacement wildfire should dramatically increase the potential for owl habitat persistence
in these fire-prone landscapes. A similar strategy has been proposed to reconcile conflicts
between conservation of Mexican spotted owls (S. o. lucida) and restoration of ponderosa pine
landscapes in the Southwest (Beier and Maschinski 2003, Noss et al. 2006, Prather et al. in
press).
Rocky Mountain Ponderosa Pine-Douglas-fir Forests
Recent research suggests that the fire regime was of mixed-severity in much of the forests
composed of ponderosa pine and Douglas-fir in the Rocky Mountains (Baker et al., in press).
This fire regime is characterized by large spatial and temporal variation in tree density, ladder
fuels, large wood, tree age, and other aspects of forest and fuel structure (Kaufmann et al. 2000,
Veblen et al. 2000, Ehle and Baker 2003, Sherriff 2004).Young post-fire patches
characteristically have high tree density; reconstructions and estimates document that tree
density near A.D. 1900 was often as high as 1,500-3,000 trees/ha and occasionally reached
25,000 trees/ha (Kaufmann et al. 2000, Ehle and Baker 2003, Sherriff 2004, Baker et al. in
press). Nearby patches of older forest, however, may have had much lower tree density (< 750
trees/ha), although they were still denser than comparable forests dominated by low-severity
fires (Baker et al., in press). Fuels were similarly variable, with low fuels in some areas at some
times and high loads after windstorms, insect outbreaks, or other disturbances (Brown and
See 1981). Fuels in Rocky Mountain ponderosa pine-Douglas-fir forests are variable, but often
low today. For example, loadings for large dead wood range from 3-23 Mg/ha (Baker et al., in
press), below levels that lead to high fire hazard (Brown et al. 2003).
Large areas of these Rocky Mountain forests were logged or burned in the late-19th and early
20th century and the trees are now about a century old, while mature or old-growth forests are
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rare (Veblen and Lorenz 1991). Tree density may have been increased by livestock grazing or
logging, but high tree density is characteristic of century-old forests in these landscapes. Thus, at
the stand level, tree density in these forests may be within or close to characteristic levels for
their stand age and not require much thinning, but other structural elements (e.g., understory
shrubs, grasses, forbs) and processes may warrant restoration.
In mixed-severity fire regimes, some high-severity fire is characteristic and should not trigger
efforts to create forest structures that would exclusively support low-severity fire. Fuels do not
need uniform reduction but management targeted at particular needs in specific places. Fuelreduction treatments, for example, may be warranted in the wildland-urban interface to protect
human life and property, but not within the wildlands (DellaSala et al. 2004). Past land uses are
the source of today’s forest structure and fuel situation and different use patterns require different
restoration actions. Large dead fuels, for example, may be in deficit in areas subject to past
logging, while overgrazed forests may have elevated tree densities in some cases. Old patches of
dense forest may not require any restoration.
Mixed-severity fire regimes require landscape-level planning and analysis to determine
appropriate restoration goals. The impacts of logging and burning are most evident at the
landscape level where there is often a deficiency of mature and old-growth forest patches and a
surplus of century-old forests. Restoration at the landscape scale should seek to enhance the
development of old-growth structure in some, but not all patches, using light tree thinning
accompanied by prescribed burning and restoration of other structures. Of course, an essential
step, if old-growth is to be truly restored, is to retain all trees that pre-date EuroAmerican
settlement, as is recommended in the Southwest (Friederici 2003).
THE ROLE OF RESERVES IN FIRE-PRONE FOREST LANDSCAPES
A reserve is an area where the conservation of biodiversity, ecological integrity, or similar values
take precedence over other uses (Scott et al. 1993). The reserve strategy becomes complicated
when applied to dynamic landscapes shaped by fire. As for forest management in general, the
question of how reserves in fire-prone landscapes should be managed cannot be addressed by
application of a “one-size-fits-all” philosophy. Instead, their management must be guided by the
vegetation structure and composition of the area in question, the characteristic fire regime, the
historic or natural range of variability in both vegetation and fire regime, and specific objectives
for the reserved area. In this section we discuss why reserves are important to forest conservation
strategies and the special considerations needed for their management.
Why Reserves?
Reserves placed in a well-managed landscape matrix are usually needed to meet conservation
goals (Lindenmayer and Franklin 2002). Reserves have values that range from scientific to
aesthetic (Noss and Cooperrider 1994, Noss et al. 1997, 1999, Groves 2003, Lindenmayer and
Franklin 2002). One well-accepted function of reserves is to represent all forest and other
ecosystem types, thereby providing a “coarse filter” of protection to species associated with these
ecosystems (Noss 1987). Another critical function of reserves is to offer security to species,
biological communities, and habitat elements that are sensitive to impacts from human activities,
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ranging from hunting to habitat loss, fragmentation, and degradation. Declining species are often
at high risk of extinction due to stochastic environmental processes as well (Beissinger and
McCullough 2002).
Species closely associated with late-successional forests often may be dependent on reserves,
because forests outside reserves are logged too regularly and contain trees too small to meet their
needs. The spotted owl and red-cockaded woodpecker (Picoides borealis) are well-known
examples of such species in the U.S. (Simberloff 1998). Species typical of post-fire habitats with
abundant standing dead trees, such as many woodpeckers, may also depend on reserves because
areas outside reserves are typically salvage-logged (Hutto 1995, Lindenmayer et al. 2004). The
disturbance regime to which the regional biota adapted over their evolutionary histories provided
habitat refugia on a variety of spatial scales, from standing dead and downed logs to large
patches of old or dense forest in a mosaic of more recently disturbed patches (Lindenmayer and
Franklin 2002).
Ecologists have long recognized the importance of large reserves as places where scientists could
study species and ecosystems under relatively natural conditions (Croker 1991). This reference
value of reserves for management and restoration becomes more significant as more of the
Earth’s surface is disturbed by humanity. As pointed out by Leopold (1941), wild areas provide a
“base datum of normality” for a “science of land health.” Reference areas have proved
invaluable in setting standards for indices of biotic integrity for streams in various stages of
degradation (Karr 1991). Most modern proponents of ecosystem management recognize the
value of reserves as comparison areas for management experiments (Christensen et al. 1996,
Arcese and Sinclair 1997, Lindenmayer and Franklin 2002). Reserves, especially when large
relative to the scale of natural disturbance events (Pickett and Thompson 1978) may perpetuate
ecological processes, including fire, within HRV. Reserves are never perfect comparison or
control areas for large-scale management experiments because they are usually unreplicated,
differ in a variety of ways from treated areas, and have many confounding influences.
Nevertheless, they are still crucial for providing insights on the impacts of management. Because
logging and other human activities now impact entire landscapes, at least some comparison areas
should be this size (Noss 1991, Franklin et al. 2000).
Roadless areas provide many of the functions of designated reserves. For instance, they serve as
refugia for terrestrial and aquatic species that are sensitive to management practices, help reduce
invasions of non-native species, and provide reference sites over a broader range of conditions
than designated reserves. Roadless areas better represent the natural landscapes of the U.S. than
do formally protected areas (USFS 2000, DeVelice and Martin 2001, Strittholt and DellaSala
2001, Loucks et al. 2003, Crist et al. 2005). The harmful impacts of roads on sensitive
ecosystems and species are well documented (Trombulak and Frissell 2000). Among other
problems, roads in forest landscapes promote the invasion of non-native plants (e.g., Tyser and
Worley 1992, Gelbard and Belnap 2003), which, in turn, often change fire regimes and make
restoration difficult. Roads act as unnatural fire breaks and, conversely, are major sources of
human-caused fire ignitions (DellaSala and Frost 2001). Likewise, roads are major sources of
human-caused erosion, landslides, and siltation of streams. Roads also provide access to
humans, increasing the potential for recreational uses to affect biodiversity adversely, for
instance, through hunting and use of off-road vehicles. A precautionary approach to forest
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management is to protect existing roadless areas, avoid building new roads, and close and
revegetate existing forest roads in sensitive areas wherever possible.
Restoration in Reserves
The general concept and definition of reserves does not imply absence of active management or
prohibition of all human uses, but does suggest minimizing the impact of management and use.
However, active management, such as prescribed burning, and uses such as ecological research
and monitoring are often essential to the persistence of populations of native plants and animals,
habitat features, and key ecological processes within reserves.
In cases where fully restoring a natural fire regime is infeasible, active management may be
necessary to restore and maintain biodiversity and the conditions for which reserves were set
aside. The objectives in such cases are to bring the ecosystem back within the HRV and maintain
it there with a minimum of additional active management. The National Park Service follows
essentially this strategy, which is consistent with its policy to maintain “…natural environments
evolving through natural processes minimally influenced by human actions,” but in cases where
natural conditions have been disrupted, ecosystems in parks “…may be manipulated where
necessary to restore natural conditions” (National Park Service 1988, as cited in Stephenson
1999). Toward this end, the National Park Service has conducted reconstructions of
presettlement vegetation and performed prescribed burns and other restoration activities in such
parks as Sequoia-Kings Canyon, Yosemite, and Redwood National Park (e.g., Parsons et al.
1986, Stephenson 1999, Thornburgh et al. 2000).
Although restoration treatments inevitably carry risks, in some cases the risks to native
biodiversity of not managing reserves may be greater than risks associated with management.
Nevertheless, active management of reserves is controversial. Restoration, especially mechanical
thinning, within some reserves (such as designated Wilderness) may be socially or legally
unacceptable. Many protected areas are at high elevations (Scott et al. 2001) and contain forest
types that burn infrequently and have not been significantly impacted by fire protection programs
(Brown et al. 2004, Schoennagel et al. 2004a). In these cases, active restoration of forest
structure generally is not needed, so controversy can be avoided. On the other hand, many
protected areas have been impacted by past management practices, including fire suppression; in
these cases some initial active restoration may be needed.
When restoration treatments are undertaken within reserves they should be of the minimum
intensity needed to restore natural conditions and protect old growth trees and imperiled species
habitat. Management options within reserves are properly constrained and shaped by the
mandates of the enabling legislation and by public opinion. For example, wilderness areas
prohibit the use of motorized equipment. Certainly, no new roads should be built within reserves
or roadless areas to accommodate restoration. After they are restored, reserves that are
sufficiently large may be able to incorporate an unmanaged natural disturbance regime (Pickett
and Thompson 1978, Noss and Cooperrider 1994). Because variability in landscape conditions is
desirable, and because management inevitably involves mistakes, some sizable proportion of
protected areas should be exempt from active management. Prescribed burning and thinning
within buffer zones adjacent to reserve boundaries may be advisable in some cases to reduce the

30

probability of undesirable stand-replacing fires occurring inside. An example of where
restoration within a reserve benefits a rare species is the Bear Valley National Wildlife Refuge in
the eastern Cascades of Oregon. Here, the U.S. Fish and Wildlife Service successfully applied
low-density thinning and prescribed fire to restore one of the most important communal roosting
areas for bald eagles (Haliaeetus leucocephalis) in the lower 48 states (DellaSala et al. 1998).
ECOLOGICAL ISSUES RELATED TO FIRE MANAGEMENT POLICIES
Fire management policies provide direct responses to wildfire, including such basic issues as
whether wildfires will be suppressed or allowed to burn. Ecological science and ecological
concerns are only one element in formulating these policies, albeit these are fundamental
considerations. The level of attention that ecological considerations receive varies with the
nature of the landscape and the management objectives. At this point, few national forests have
well developed fire management plans that incorporate principles of restoration ecology (D.
DellaSala, personal communication). There is thus an opportunity to develop fire management
policies that are consistent with the long-term sustainability of ecological values.
Current fire management policies are not consistent with maintenance of many characteristic
forest values, including biological diversity. For example, private timberlands, which typically
are managed for high levels of timber production, may require intensive fire exclusion programs
in regions that would otherwise be characterized by low fuel densities. Similarly, forests located
within the wildland-urban interface may require intensive fuels-reduction treatments and
adoption of fire-exclusion programs that are inconsistent with maintaining many of the
organisms and ecological processes characteristic of the region (Marzluff and Bradley 2003,
Radeloff et al. 2005, Noss et al. 2006). Consequently, it is inappropriate to develop a single,
universal policy with regards to fire exclusion; rather, it should vary with social and ecological
circumstances, including the characteristic fire regime. While current wildfire exclusion practices
are often inappropriate, exclusion may be ecologically appropriate in cases such as the following:
•
•

•

where rare or unique ecological values (including species habitat and populations) could
be lost. Examples include fire-sensitive species, such as the narrow endemic Brewer
spruce (Picea breweriana), and some relic stands of old growth;
where uncharacteristic fuel accumulations have created the potential for fire that is
outside the HRV, such as high-severity stand-replacement fire on a site that was
characteristically subject to low-severity fire, but where restoration efforts have not yet
been carried out; and
where high-severity, stand-replacement fires were characteristic but where such fires are
not currently viewed as ecologically desirable (e.g., old-growth forests in Pacific
Northwest).

From an ecological standpoint, there is no better policy for fire as a process than allowing fire to
serve its natural role. Unmanaged fire is infeasible in proximity to human settlements and
infrastructure, or in some cases where economic resource values are high. Away from these
areas, however, and especially in wilderness areas, roadless areas, national parks, and other large
wildlands, there is opportunity to allow increasing wildfire and to benefit the species that require
a diversity of natural fire regimes (e.g., Hutto 1995, Smucker et al. 2005). Wildfire is part of
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wildness, which is one of the management goals of these areas, but fire use is also desirable in
more managed landscapes. After forest structure is restored, unmanaged wildfire may be the
cheapest and most ecologically desirable way to maintain fire-dependent forests. Prescribed
fires, in contrast, typically must be set during narrow windows of suitable fire weather, which
often do not occur during the summer when pre-EuroAmerican fires typically burned, and these
fires are costly to undertake. Moreover, cool-season prescribed fires cannot be expected to mimic
the work accomplished by the hotter, natural fires of summer. Where prescribed fires must be
used, a more ecologically-based approach would be to attempt to better mimic the seasonality,
intensity, and pattern of fires typical of the HRV.
Wildlands dedicated to sustaining high levels of ecological value are predominantly public lands.
However, private landowners may also find it beneficial to maintain characteristic fire regimes,
as is the case with longleaf pine (Pinus palustris) forests in the southeastern USA, which have
been managed to sustain native biodiversity, including game species, going back to the early 20th
century (Engstrom et al. 2005). The importance of involving private landowners in restoration is
clearly stated in the HFRA, where priority is given to hazardous fuel reduction projects
developed through community wildfire protection plans.
TREATMENT OF AREAS FOLLOWING INTENSE WILDFIRE
Ecological Significance of Post-Fire Landscapes with Their Legacies
Forest landscapes that have been affected by a major natural disturbance—such as a severe
wildfire or windstorm event—are commonly viewed as devastated, biologically impoverished
areas or even as moonscapes, such as in the case of the Mount St. Helens blast zone (Figure 3).
In most cases such a perspective is far removed from ecological reality. Naturally disturbed,
early successional forest landscapes typically are sites of high biological diversity and critical
ecological processes (Lindenmayer and Franklin 2002, Franklin and Agee 2003). There are
several key reasons for this, including an abundance of biological legacies, such as living
organisms and dead tree structures, the migration and establishment of additional organisms
adapted to the disturbed, early successional environment, and the release from tree dominance.
Post-burn landscapes typically have substantial capacity for natural recovery including rapid reestablishment of vegetative cover and, ultimately, closed forest. This is the result of both
surviving organisms and the arrival of individuals and propagules from outside the disturbed
area. The immigrants typically include an array of early-successional or pioneer species
previously excluded from the site by the closed forest. In fact, overall species diversity—at least
of higher plants and vertebrates—often achieves its highest levels following a natural standreplacement disturbance and before re-development of closed canopy forest.
Important factors contributing to the high diversity of the pre-forest-closure successional stage(s)
are: the combination of pioneer and surviving forest species; the presence of diverse plant life
forms (herbs, shrubs, and trees) and structures (e.g., snags and logs) for habitat and food;
availability of resources (e.g., light and moisture); and the diverse microclimates available in the
absence of site-dominance by large trees. Of course, there are many other species, including
closed forest specialists that cannot survive and utilize these early successional sites.
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A number of key ecological processes are associated with the biologically and structurally
diverse early successional conditions that exist prior to re-development of a closed forest canopy,
many of them related to the species diversity that is present. One important process is nitrogen
fixation—the conversion of elemental nitrogen to chemical forms (ammonium and nitrate) that
can be utilized by higher plants. Significant nitrogen fixation is associated with many pioneer
species, including species of alder (Alnus spp.), legumes (e.g., lupines [Lupinus spp.], peas, and
vetches), and Ceanothus spp., which host azotobacteria in their root systems that are capable of
nitrogen fixation. Depending upon site conditions and the density of host species, nitrogen
fixation during this stage in succession can reach hundreds of pounds per acre, replacing nitrogen
that has been volatilized by the disturbing fire and enriching the productivity of site. Many of the
angiosperms characteristic of early successional habitats may also be important in sustaining
fungal species that are essential ectomycorrhizal associates of conifers. The richness of
organisms in ecosystems recovering from stand-replacement disturbances have been documented
in such diverse habitats as the Mount St. Helens blast zone (Dale, Swanson, and Crisafulli 2005)
and the 1988 Yellowstone fires (Turner et al. 1997, Wallace 2004).
Biological legacies
Post-fire landscapes have high levels of biological legacies, which are the most important feature
of the post-disturbance environment in many forest types (Figure 4) (Foster et al. 1998, Franklin
et al. 2000, Lindenmayer and Franklin 2002). Biological legacies are biotic elements (organisms
and structures) that persist from the pre-disturbance forest ecosystem. They include all types of
living organisms and organic matter, much of the latter occurring in the form of snags, logs, and
other coarse woody debris. Living legacies come in many forms from spores to mature trees and
are particularly important as source pools for repopulating the disturbed site. By persisting on the
site species avoid the difficult processes of dispersal from long distances and successful
recolonization. Nevertheless, in some forest types (e.g., pinyon [Pinus spp.]-juniper woodland)
the immediate post-fire landscapes can be quite barren and deficient in legacies, with a lag of a
few (e.g., 3) years before surviving plants re-sprout abundantly. In these cases, significant
erosion may naturally occur.
Organic matter is an important class of biological legacy, since even severe wildfires kill trees
but actually leave most of the organic matter behind, generally consuming no more than 10 to
15% and often much less. Much of this organic matter survives in the form of roots, snags, logs,
and other coarse woody debris that is essential habitat for wildlife and in influencing physical
processes and conditions, such as erosion and stream channels (e.g., Maser et al. 1988 and
Harmon et al. 2004). The essential roles of large snags and logs as habitat elements for the
majority of forest animals, both vertebrate and invertebrate, are now widely known and well
documented. (e.g., Thomas 1979, Brown 1985, Maser et al. 1988, Hutto 1995, Johnson and
O’Neil 2001, Harmon et al. 2004, Smucker et al. 2005). Animals utilize such structures for a
variety of purposes, including nesting, protective cover, and feeding. Woody debris is
particularly important for aquatic ecosystems. In streams, it not only forms cover and substrate
for fish and invertebrates, but is important in the processes which shape stream channels and
create habitat diversity (Naiman et al. 2005). Viewed from the perspective of species dependent
on woody debris and associated habitats it can rarely, if ever, be argued that there is an excess of
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such structure. Under natural conditions, these structural legacies persist and play essential
ecological roles for very long periods of time (e.g., Maser et al., 1988, Spies et al. 1988, Harmon
et al. 2004).
Biological legacies play critical roles in the rapid re-establishment of an ecosystem that is diverse
and functional. Initially, legacies serve as lifeboats for elements of biological diversity, both
directly and indirectly (Franklin et al. 1997, Franklin et al. 2000). Organisms that survive a fire
in some form, such as root systems or seed banks, have in-situ repopulating mechanisms.
Structures such as trees, snags, and logs also provide the habitat and sources of energy and
nutrients that allow other organism to survive, from populations of epiphytes on surviving trees
to animals and fungi that survive within snags and logs. Furthermore, these same structural
legacies also modify the microclimates of the disturbed areas, allowing other organisms to
persist.
Biological legacies play a significant role in structurally enriching the regenerated forest later in
succession. For example, without legacies of large living trees, snags, and logs, the regenerated
forest would consist of a single cohort of even-aged and relatively even-sized trees for many
decades or even centuries. Legacies contribute to significant structural diversity throughout the
first 100 to 200 years of even-aged stands, providing habitat for a much broader array of species
than would otherwise be the case.
The long-term roles of snag, log, and coarse wood legacies in development of late-successional
forest habitat is as important as their short- and mid-term contributions (Lindenmayer and
Franklin 2002). The massive input of wood structures is characteristic and critical to stand
development processes and, ultimately, the provision of habitat for late-successional species
following stand-replacement fires. These wood structures may persist and play functional roles
for several centuries, particularly in the case of decay-resistant species, such as Douglas-fir,
western larch (Larix occidentalis), western redcedar (Thuja plicata), and species of juniper.
Large pines also may be present as snags for several decades (or many decades in the case of
western white pine on some sites) and as logs on the forest floor for additional periods. In
streams, large decay-resistant logs may provide bank stability and habitat structure for centuries
at a single locale, while others may gradually work their way downstream in response to freshets
and other stream processes. At each stopping place, such logs become an integral part of the
stream environment.
The pulse of snags, logs, and coarse wood generated by a stand-replacement-fire is the
recovering forest ecosystem’s sole source of coarse wood until the new stand begins to generate
snags and logs of comparable size and heartwood content (Figure 5), which generally takes 150
to 200 years in some forest types (Maser et al. 1988, Franklin et al. 2002, Harmon et al. 2004).
Furthermore, the larger and more decay-resistant the wood (a property of the species), the greater
its long-term ecological significance. Port Orford cedar (Chamaecyparis lawsoniana) is an
example of a species widely sought for its rot-resistant timber, but rot-resistance also plays a key
role in its ecosystem.
The long-term persistence and multiple roles played by the large pulse of snags, logs, and other
woody debris rarely has been given adequate attention in evaluating the ecological effects of
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post-fire logging, particularly on sites characterized by mixed- and high-severity fire regimes.
The persistence and importance of these structures make it appropriate to create higher base snag
and coarse wood retention goals than those found in existing mature and old forests. Such forests
have a continuing source for input of such material, whereas the burned stand will have no
further inputs following the fire until the stand has lived for at least a century.
As noted below, there may be circumstances under which other objectives, including risks
associated with subsequent fires, mitigate against retaining all coarse wood structures. There are
also no natural models to provide guidance with regard to retention of snags, logs, and other
coarse wood following uncharacteristic stand-replacement fires on sites that were historically
subject to low-severity fire regimes. Nevertheless, biological legacies, including live trees and
large snags, are ecologically important on all sites, regardless of the characteristic fire regime.
Natural re-establishment of forest
Natural re-establishment of closed forest following stand-replacement fire occurs at widely
varying rates, from essentially instantaneous establishment of a new cohort of trees to their
gradual establishment over decades or even centuries. Important variables include the availability
of tree seed, competing vegetation, and severity of site conditions.
Availability of seed in time and space often limits coniferous tree regeneration. Absence of seed
following a fire may be due to an absence of surviving seed sources or, even if seed sources are
present, a delay of one to several years before abundant seed are produced. Some western
coniferous tree species—most notably lodgepole pine—have serotinous cones that survive and
open following fire, providing a canopy “seed bank.” Most western conifers are not serotinous,
however, and also lack a seed bank in the forest floor.* Coniferous tree species typically
produce abundant seed crops only at intervals of several years; hence, several years may pass
following a burn before significant quantities of tree seeds are available. Further, even when seed
is produced, dispersal of the seed may be limiting since most tree seeds fall only a short distance
from parent trees. Hence, retaining surviving “legacy” trees is useful to provide potential seed
sources as well as for the favorable microclimatic conditions that they provide for seedlings. In
Yellowstone National Park, some 75% of sites experiencing stand-replacement fire were within
200 m of an unburned edge; hence, sources of tree seeds for recolonization of burned sites were
readily available (Turner et al. 1994). It should be noted that lags in regeneration are normal in
some cases and allow other species to dominate temporarily. Hence, lags in regeneration do not
justify the planting of trees.
---------------------* Occasionally a canopy “seed bank” may occur with species that do not have serotinous cones
as a result of unusual circumstances. For example, in early October of 1993 the Walker Creek
wildfire severely burned nearly 10,000 acres of old-growth Douglas-fir and western hemlock
forest in the western Oregon Cascades. A bumper seed crop of Douglas-fir and associated
conifers was ripe but still within the green cones at the time of the fire. The crown fire killed the
trees by consuming or scorching the crown but much of the seed crop survived in the unopened
cones. Large numbers of seed were subsequently released from these cones and resulted in rapid
establishment of large numbers of coniferous seedlings throughout the burn (Larson and Franklin
2005). Similar conditions may have been associated with extensive wildfires that occurred in the
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Cascade Range in the fall of 1902, and may also explain some of the results of Donato et al.
(2006) in southwestern Oregon, where natural regeneration of conifers after high-severity fire
was generally abundant in unsalvaged stands, in contrast to salvaged areas.
---------------------Competing vegetation can reduce the natural regeneration of desired forests following a fire.
Many hardwood species, such as madrones (Arbutus menziesii), maples (Acer spp.) and oaks
(Quercus spp.), and the odd conifer (most notably redwood) can reproduce vegetatively by
sprouting. Such species are, therefore, not constrained by availability of seed and are often
prominent in the early recovery of burned sites. Cover of grasses, herbs, and shrubs may develop
rapidly and compete with tree seedlings, particularly if there is there is a delay in arrival of tree
seed.
Severe site conditions can slow natural regeneration of coniferous trees following a standreplacement burn—for instance, conditions on particular sites or in certain years that are hot and
droughty or subject to frequent intense frosts or short cold growing seasons. Quick reburns that
recur within 10-20 years on sites naturally experiencing relatively infrequent fire can reduce
conifer regeneration (Schoennagel et al. 2003); for example, reburns may potentially eliminate
many or most of the mature legacy seed trees that survived an initial stand-replacement fire event
and stimulate the development of competing vegetation that is adapted to fire. However, seed
sources might be limiting for other reasons, for example the young age of trees that originated
following the earlier fire. Although the re-burn potential of different kinds of stands is not well
documented, it appears that reburns occur more commonly in some settings than others. Burned
snags and large logs, however, have little influence on initiation and spread of fire. What
generally matters most for reburn potential is the amount of fine fuels, rather than the coarse
fuels that are targeted in post-fire logging projects. Indeed, when large trees are removed by
post-fire logging, the least flammable portion, the boles, are taken and the most flammable
portion, the slash, is typically left behind. On the other hand, fire intensity likely would increase
with greater densities of logs and snags in low-severity systems, and may be a problem if levels
are uncharacteristically high.
Multiple burns in a short timeframe at the same site almost certainly create unfavorable
conditions, such that sites could require up to a century or more to become fully restocked. For
example, pioneer tree species (Douglas-fir, noble fir [Abies procera], and western white pine
[Pinus monticola]) were still establishing over 100 years after the last wildfire in the Cowlitz
River drainage of Mount Rainier National Park (Hemstrom and Franklin 1982). Whether the
result of single or multiple burns, extended early successional conditions (i.e., limited areas of
closed forest canopy) were probably common at times on sites subject to either mixed- or highseverity fire regimes under natural conditions.
Currently, natural early successional forest habitat—naturally disturbed areas with a full array of
legacies (i.e., unsalvaged) and experiencing natural recovery processes (i.e., not seeded or
planted)—is among the scarcest habitat condition in some regions, such as the Pacific Northwest.
Indeed, it is often rarer than the old-growth forests that have justifiably attracted much
conservation attention. As noted earlier, natural early successional habitat is typically very
diverse in species, structures, and functions. Mount St. Helens and the Yellowstone fires of 1988
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provide rare examples of large naturally disturbed tracts that have largely been allowed to
recover on their own. Research at Mount St. Helens supports the concept that such large, slowly
reforesting disturbed areas of this type may be important as regional hotspots of biodiversity for
many taxa (Dale et al. 2005). Birds, amphibians, and mammalian predators are examples of
groups that exhibit both high diversity and high populations in the Mount St. Helens landscape.
Ecological Impacts of Post-Fire Logging
General reviews of the physical and biological impacts of post-fire logging on terrestrial and
aquatic systems have appeared recently in the peer-reviewed literature (Beschta et al. 2004, Karr
et al. 2004, Lindenmayer et al. 2004, Lindenmayer and Noss 2006).These reviews, in addition to
discussing biological and physical impacts of post-fire logging, acknowledge a fundamental
problem of post-fire logging: projects must be implemented relatively soon after a fire while the
commercial quality of the wood remains high; hence, such projects are often rushed rather than
planned and reviewed carefully over an extended period (Le Goff et al. 2005). The impacts of
post-fire logging in western forests can be best illustrated by examining its effects after highseverity and low-severity fire, respectively.
High severity fire. High levels of tree mortality are typical after high-severity or standreplacement wildfires. Many forest types and sites in the western USA are naturally
characterized by such fires, as noted earlier. The tree species in such forests are adapted to
intense fire, which typically occurs at relatively long return intervals, although in some cases
there is the potential for reburns early in the recovery cycle (see below). Such fires typically
exhibit variable intensity on a landscape scale. That is, not all areas within the boundary of a
large wildfire are subject to high or complete tree mortality; there are typically many unburned
and lightly burned patches that form a mosaic with severely burned patches (Figure 6).
Post-fire logging is almost always inappropriate from an ecological standpoint (Lindenmayer et
al. 2004, Lindenmayer and Noss 2006), perhaps especially after high-severity fire. Trees that
survive the fire for even a short period of time are critical as seed sources and as habitat that will
sustain many elements of biodiversity both above- and below-ground. Removal of structural
legacies—living and dead—is inconsistent with scientific understanding of natural disturbance
regimes and short- and long-term recovery processes on sites characterized by high-severity fire
regimes. Removal of any material is a potential detriment, but removal of mature living trees and
the largest and most decay-resistant snags and logs produces the greatest negative impact on
recovery processes, slowing the recovery of ecosystem function and characteristic biodiversity.
This is without reference to negative effects of the logging process itself, such as impacts of
roads on soils and streams.
Concerns are sometimes raised about the retention of snags and other coarse wood leading to a
higher likelihood of reburns or safety hazards. Reburn potential varies among forest types. In
Rocky Mountain subalpine forests and Canadian boreal forests, little evidence exists for a high
potential for quick reburns, perhaps in part because shrubs are a minor component of earlysuccession (Schoennagel et al. 2003, Krawchuck et al. in review). In Yellowstone National Park,
some post-fire stands burned at intervals of less than 10 years, but these young stands were not
necessarily favored. In fact, fire frequency modeling indicates that, on average, older stands are
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more likely to burn (Schoennagel et al. 2003). Although unburned or partially burned snags with
dead fine fuels attached may attract fire, burned snags and large woody debris do not appear to
provide a suitable substrate for fire initiation. Burned snags and large logs can increase fire
severity and the duration of a burn (Brown et al. 2003), and may sometimes be a source of spot
fires, but they are not a source of reburns. Thus, the role of coarse wood as fuel for re-burns is
not a serious issue ecologically. Although intense re-burns early in the recovery process from a
stand-replacement fire are characteristic of some sites (as observed in such regions as western
Oregon and Washington, northern Idaho, and Wyoming), from an ecological perspective it is not
valid to remove fuels from such sites in order to reduce the potential for reburns. Spies and
Thompson (2006) show that areas logged and planted following a 1987 fire burned during a
2002 fire with significantly higher severity than comparable areas that were burned but not
logged and planted.
In some cases snags may be significant hazards to humans involved in fighting subsequent fires.
There are ways that these concerns can be dealt with while minimizing negative ecological
impacts. For example, it may be possible to create snag-free zones in critical areas in the
landscape, such as along ridgelines. Such practices were widespread during the first half of the
20th century in areas subject to repeated stand-replacement fires, such as the Yacolt and
Tillamook Burns.
Low severity fire. Sites characterized by low-severity fire regimes would, by definition, rarely
have experienced wildfires with high levels of tree mortality under characteristic fuel loadings.
There are no natural models to use as guides to post-stand-replacement fire events on sites
characteristically subject to low-severity fire, because this situation was probably rare under
historic conditions. On the other hand, there is little hard information on the historic occurrence
of stand-replacement fires in low-severity fire sites (e.g., Baker and Ehle 2001, 2003). Given
these circumstances, approaches to post-fire logging are best based on first principles: assume
harm unless it can be proven otherwise.
Some of the negative impacts of post-fire logging following a stand-replacement fire on a site
characteristically subject to low-severity fire would be similar to those on sites where such fires
are characteristic. Living trees, snags, logs, and other coarse wood are important to recovery
processes (e.g., they are sources of energy and nutrients) and as wildlife habitat, throughout the
first century (or more) of recovery. There is also the potential for damage to surviving nonarboreal vegetation (e.g., sprouting shrubs) and to soils as a result of the salvage process. Postfire logging is also likely to increase the short-term loadings of fine and medium fuels, which
may contribute to fire ignition and spread. In southwestern Oregon post-fire logging significantly
reduced tree regeneration and increased the short-term risk of reburn (Donato et al. 2006).
Positive ecological effects of post-fire logging are possible in forests historically characterized
by low-severity fires when such forests have experienced stand-replacement fires (for example,
due to years of fire suppression) that left uncharacteristically high fuel accumulations. Such high
fuel accumulations may render subsequent prescribed fires too hot, potentially adding further
damage to the site. However, prescribed burning may not be immediately necessary in a forest
that experienced an uncharacteristic high-severity fire. In the first decades, the main effects of
such a fire would be to prevent tree recovery. In later decades, after trees are large enough to
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survive surface fire, a prescribed fire might be appropriate, but there is little ecological
justification for such a fire until a natural stand-thinning stage has been reached, which in some
regions (e.g., Rocky Mountains) is 80+ years after the severe fire. At that point, the main fire
threat is not due to decomposed wood from the previous severe fire, but from abundant smaller
dead wood from recent self-thinning.
A further consideration is that restoration to historical condition of ponderosa pine forests (and
perhaps some other types) that have experienced severe fires may be slow or divergent in some
cases. An historical analysis of the trajectory of recovery of southwestern ponderosa pine stands
after crown fires showed convergence on one of two conditions, neither of which is considered
characteristic: 1) extremely dense stands of ponderosa pine, or 2) non-forested grass or shrub
communities (Savage and Mast 2005). Hence, forests subject to unusual severe fires may
“recover” to alternative community states unlike the most prevalent historic condition.
Ecological Impacts of Revegetation and Reforestation Practices
After sites have been affected by fire, forest managers commonly initiate grass-seeding, planting
of conifers, and other revegetation practices, on the assumption they accelerate forest
regeneration. However, the effects of these practices are generally not well studied. In many
cases, their effects are not consistent with maintenance of native biodiversity and other
ecological values.
Post-fire revegetation: grass seeding
A common practice on federal lands is aerial seeding of areas burned by moderate- to highseverity fire in order to reduce post-fire erosion. The Burned Area Emergency Response (BAER)
program is responsible for prescribing and implementing post-fire rehabilitation treatments with
the goal of minimizing threats to life or property and degradation of natural and cultural
resources due to erosion following wildfire. Although aerial seeding of non-native grasses is a
common post-fire rehabilitation activity, its effectiveness in reducing erosion is varied, while
impacts on native plant establishment appear to be mostly negative.
The effectiveness of seeding in reducing erosion appears mixed. Seeding generally does not
mitigate erosion during the first winter following fire, when seeded grasses are not yet well
established (Krammes 1960, Boyle 1982; Wright et al. 1982). Amaranthus (1989), for example,
showed no significant difference in erosion between seeded and unseeded sites by the December
following a summer fire, although during the first growing season seeded plots had twice the
plant cover as unseeded plots. Roby (1989) found no difference in plant cover or erosion 2 years
after fire due to seeding, and others report no difference during any of 3 years after fire (Leege
and Godbolt 1985). Two Forest Service post-fire rehabilitation reports reviewed by Robichaud et
al. (2000) show less sediment movement in seeded conifer stands the first year after fire; one
report indicated less erosion the second year after fire due to seeding, while two other reports
showed no difference. Some observers have indicated less erosion during the second year
following fire due to the protective layer of dead grass that develops (Robichaud et al. 2000).
Grass seeding does not appear to mitigate erosion during intense storms (Krammes and Hill
1963, USDA 1990).
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Much of the confidence in seeding as an effective erosion control is based on the assumption that
higher plant cover confers a reduction in surface erosion, but few empirical studies have tested
this relationship under varied site conditions and seeding mixes. Few erosion studies exist
primarily because of the cost and difficulty of measuring erosion during multiple years following
fire. Extrapolation from existing studies is difficult because of the great variation in slope, soil,
and precipitation following particular seeding treatments, which also vary in type and amount of
seed. Furthermore, few studies provide replicated study designs and statistical analyses; many
are observational rather than experimental (Beyers 2004). Lastly, there is a lack of
understanding of how long the threat of high erosion typically persists; most studies only
examine 1-3 years post-fire.
The ecological effects of seeding, in contrast to the varied results from erosion studies, are more
apparent. Aerial seeding of non-native grasses generally reduces native plant cover or richness in
conifer forests, primarily after the first year following fire (Anderson and Brooks 1975, Crane et
al. 1983, Conard et al. 1991, Geier-Hayes 1995, Schoennagel and Waller 1999, Beyers 2004,
Barclay et al. 2004, Keeley 2004, Kruse et al. 2004). Annuals appear more affected by seeding
than perennial forbs, which typically resprout after fire. Fires provide infrequent opportunities
for early successional colonizers such as annuals to maintain viable populations across the
landscape, hence the impact of seeding could be significant for some functional groups.
Few longer-term seeding studies (> 5 years) exist, so persistent impacts of exotic grass seeding
on the native understory community remain unknown. However, a number of studies report a
significant reduction in conifer seedling establishment due to seeding (Griffin 1982, Conard et al.
1991, Schoennagel and Waller 1998, Keeley 2004). Low conifer recruitment presents a
significant long-term consequence of seeding on forest recovery, even when the presence of
seeded grasses is relatively ephemeral.
An additional ecological ramification of seeding is the potential for seeded sites to reburn
relatively soon after seeding. Grasses provide a dense thatch of fine fuels that cure early in the
season compared to native forbs that typically dominate mid- to high-elevation conifer sites. This
shift in the understory fuel complex due to seeding may present a significant subsequent fire
hazard (Beyers 2004). The effect of quick reburns on understory communities is still relatively
untested, although resprouting shrubs appear to be most negatively affected (Zedler et al. 1983,
Schoennagel et al. 2004b).
Seeding has been relatively successful in rangelands of the intermountain West in reducing the
post-fire invasion and spread of exotics such as cheatgrass (Bromus tectorum) (see Beyers 2004
for review). In order to effectively reduce cheatgrass, and likely other exotics, sites must be
seeded immediately after fire and subsequently protected from grazing (Beyers 2004). The effect
of post-fire seeding on exotic species is less clear in conifer stands; however, lower cover of nonseeded exotics has been observed in seeded areas compared to unseeded sites (Schoennagel and
Waller 1998, Keeley 2004).
The high cost, limited availability, and high demand for seed during large fire years make postfire seeding with native species a significant challenge, although federal agencies are encouraged
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to use natives when feasible. Most seeding mixes include an annual grass for quick
establishment, a perennial grass for long-term persistence, and a legume to enhance nitrogen
fixation at the site. Sterile cereals and cereal-grass hybrids that persist only one season are
increasingly used, although research on the ecological impacts of such mixes is currently lacking
(Beyers 2004).
In areas where protection of human structures and key watersheds is paramount, seeding may be
warranted. The ecological impacts of aerial seeding of non-native grasses in remote areas,
however, could be significant across large areas (Keeley et al. 2006). Such seeding could lead to
reduction in cover and richness of early successional native plant species, inhibition of post-fire
conifer establishment, and a threat of reburns at uncharacteristically short intervals. Clearly,
major post-fire erosion can pose threats to both human and ecological systems. In areas where
severe wildfires are characteristic, however, a precedent for post-fire erosion exists and should
not be considered a novel ecological threat from which the system cannot recover. In areas where
severe wildfire is uncharacteristic, reducing the threat of significant post-fire erosion may be a
higher priority. Resprouting perennials are the dominant post-fire colonizers, so examination of
the pre-fire community (based on local knowledge or adjacent unburned areas) should be part of
any evaluation of the potential for the site to revegetate naturally. In areas where resprouting
perennials, especially grasses, were abundant before the fire, seeding non-natives grasses is not
recommended. Indeed, tradeoffs exist between potential erosion reduction and the ecological
consequences of seeding, which are difficult to evaluate.
Although seeding is typically conducted under emergency circumstances, we encourage BAER
teams to create unseeded controls within seeded areas, which permit replicated studies to
statistically test the effectiveness and ecological impacts of seeding under varied site and weather
conditions. We also encourage use of native plants for post-fire seeding and rehabilitating
bulldozed fire lines created during fire suppression activities, which can amount to hundreds of
miles in relatively remote areas following large fires.
Post-fire revegetation: tree planting
Some of the most serious problems with post-fire forest recovery result from tree-planting after
fire. The desire to rapidly restore a fully stocked forest is the predictable response of land
managers to a stand-replacement fire. The fundamental assumption is that “recovery” or
“rehabilitation” involves the prompt re-establishment of forest cover. This response probably
reflects traditional perspectives and land management objectives more than any ecological
rationale.
Wildfires in forests have been historically viewed as events that destroyed valuable standing
forest and created large expanses of deforested landscape. Re-establishment of forest was viewed
as critical to ecological recovery on such sites and was a focus of traditional forestry.
Circumstances and knowledge have changed significantly since the early 20th century. Through
recent research, knowledge of disturbances, biological legacies, and the importance of
structurally complex early successional habitat (i.e., burned areas prior to development of closed
forest canopies) has expanded dramatically. The justification for rapid re-establishment of closed
forest conditions no longer exists. Each area needs to be examined in the context of land
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management objectives and existing post-burn conditions, including the potential for natural
regeneration. Goals for tree regeneration need to consider the desirability for variable stand
densities, rather than stands that are “fully stocked” and uniform in density. Hardwood trees and
shrubs, many of which sprout following fire, are important components of the recovering
ecosystem and are used by many species of birds and mammals. Ecological objectives are likely
to be better served by natural regenerative processes than establishment of plantations, however
much that idea goes against forestry tradition and popular perception.
There are ecological models to guide reforestation of burns in those relatively rare cases where
reforestation is needed to achieve ecological goals. Planting or seeding generally should be
varied in density; large areas of dense natural reproduction are not characteristic, although they
may occur, particularly where a persisting seed source (e.g., from serotinous pine cones) is
available. As noted earlier, tree reproduction on many burns is patchy and often of low overall
density. Old Douglas-firs in western Oregon appear to have originated and developed in stands
with densities of around 50 trees per acre, for example.
Reforestation should utilize tree species and genetic material that are of local origin and, hence,
known to be suited to the site. Many examples exist of attempts to reforest areas using species or
genotypes that are not suited to the site (e.g., Isaac 1949). Climate change may justify some
deviation from this principle, however, such as to provide for introduction of species and
genotypes that are more tolerant of warmer, drier (droughtier) conditions than were historically
characteristic of the site.
As a final comment on reforestation, perhaps the least appropriate activity that can be undertaken
is creation of a dense uniform plantation following an uncharacteristic stand-replacement fire on
a site that is characterized by low-severity fire. Such a fire is likely a consequence of an
uncharacteristically dense stand on the site as a result of some human activity, such as fire
suppression. Traditional plantings on such sites, such as with 600 to 800 trees per acre in some
uniform grid, simply re-create the conditions for the next, uncharacteristic stand replacement
fire.
EFFECTS OF FIRE AND FIRE MANAGEMENT ON AQUATIC ECOSYSTEMS
Most of this report has focused on forests as terrestrial ecosystems. However streams, lakes,
marshes, and other aquatic habitats are literally at the bottom of every terrestrial ecosystem, so
the effects of fire are often concentrated as the residues of fire flow, roll, or are carried downhill
into the water. Yet aquatic ecosystems, especially those of streams, are also extremely resilient
and have great capacity to recover rapidly from the effects of fire. Even given this resilience,
recovery from severe events (and post-event human actions, such as post-fire logging) can take
decades. Rapid recovery of aquatic ecosystems and their associated riparian systems following
fire and other large disturbances is important because much biodiversity is concentrated in and
around wet places, often in the form of fish, migratory birds, and other organisms with high
value to humans (Naiman et al. 2005).
While the literature on fire effects on aquatic systems is sparse, recent reviews have made much
of it readily accessible (Gresswell 1999, Dunham et al. 2003, Minshall 2003, Pilliod et al. 2003,
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Rieman et al. 2003, Spencer et al. 2003, Karr et al. 2004). These reviews suggest that in forests
with a natural fire regime there is a fairly predictable response to fire (see figure in Gresswell
1999), as follows:
1. During a fire, mortality of aquatic organisms is rarely observed because of the natural
buffering effect of the water and the tendency of fires to skip or only lightly burn the wetter
riparian areas.
2. In the first year following a fire, there is likely to be an increase in sediment, organic debris
(litter), and nutrients flowing into streams, which diminishes as vegetation reclaims the burned
areas. The increase in solar radiation with the diminished canopy combined with the increase in
nutrients can result in increased algae production. This in turn can lead to increased growth and
survival of grazing invertebrates and the fish (and perhaps birds) that feed on them.
3. In the next year or two following the fire, nutrient and sediment inputs gradually drop down to
background levels, although the reduced canopy results in an increase in primary production in
the streams and a decrease in litter (leaves etc.) from the trees. Usually in this period there is an
increase in the abundance of aquatic insects, resulting in an increase in fish abundance and
growth rates. The fish and invertebrates may also benefit from the increase in coarse woody
debris in streams as trees killed by the fire fall into the water. Coarse woody debris not only
provides cover for fish and substrate for invertebrates but makes stream channels more complex
with its interactions with flowing water.
4. Typically after 5-10 years, the aquatic system has more or less returned to its original
condition.
Obviously there is considerable variation on this theme in natural systems, related to the intensity
of the fire, the size of the stream (e.g., small, low-order streams are more likely to be severely
impacted than large, high-order streams), the nature of the forest, the aquatic species present, the
degree of prior fire suppression, and other factors. The general picture, however, is one of rapid
return to pre-fire conditions. In forests subjected to severe fire and post-fire logging, however,
streams and other aquatic ecosystems will take longer to return to historic conditions or may
switch to a different (usually less desirable) state altogether. Post-fire logging may aggravate
existing road conditions or create more roads that are vulnerable to erosion. Minshall (2003)
found that post-fire logging of 25-40% of the standing volume of timber after fire can
significantly increase sediment impacts to watersheds. The negative effects of post-fire logging
can continue for decades after the logging because many streams depend on a continuous source
of large logs to create structure needed directly by fish and indirectly to generate complex stream
channels (Naiman et a. 2005). Removal of the large trees and logs from an area essentially stops
the normal succession of events that maintains complex stream habitat until large trees have
grown back again. For this reason, Reeves et al (2006) recommend that logging restrictions
in riparian zones be maintained even if the area has been seriously burned.
Where management suppresses fire, it is likely that aquatic ecosystems are less productive than
they were historically, as the result of heavy shade from both the canopy and fallen trees,
especially in low-order streams, and from the impact of roads and other human activity. Under
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these conditions, inevitable high-severity fires are likely to cause an abrupt shift in conditions,
exposing the stream to sunlight, increasing erosion (and sedimentation), and dumping large
amounts of burned material into the water. Barber et al. (2003) point out that intense fires can
even release toxic concentrations of chemicals such as cyanide that are stored in vegetation,
resulting in fish mortalities. Chemicals used to suppress fires may also have toxic effects (Backer
et al. 2004).
Following a severe fire, often the biggest impacts on aquatic ecosystems are increased
sedimentation caused by run-off from new roads, at levels far above natural levels. High
sediment loads from eroding roads may continue for years, greatly increasing the time for
recovery. Roadless areas thus serve as important refugia for aquatic as well as terrestrial
organisms (Strittholt and DellaSala 2001, Noss et al. 2006). Dunham et al. (2003) note that
change by severe fires may increase the likelihood of successful invasions of streams by alien
fishes. In general, the impacts of any fire on aquatic ecosystems are likely to be most severe on
systems that are already fragmented or altered by human activity (e.g., by dams, roads, logging,
mining, development), because a fire is likely to aggravate or expand existing unfavorable
conditions.
CONCLUSIONS
Despite the complexity of fire ecology in western forests and uncertainty over the effects of
particular management actions, the scientific basis for rational decision-making has improved
dramatically in recent years. Ecological science should be incorporated systematically in the
development of wildfire and fuel polices and management practices prior to, during, and
following wildfires. Recent advances in ecological theory and empirical research underscore the
importance of variability in ecosystems and the processes, such as fire and other disturbances,
which shape them. Logging, livestock grazing, and fire exclusion have led to forests that are
outside their historical range of variability, particularly in dry ponderosa pine and dry mixed
conifer forests, but the effects of these land-use changes are not necessarily easy to identify or
demonstrate using scientific evidence (Bridge et al. 2005). In too many cases, it has been
assumed that forests in general or all forests dominated by particular tree species have suffered
from these land-use changes in the same way. Our review suggests that land-use changes have
led to significant deviations from historical variability in some forests but not in others; variation
occurs not only among forest types, but also within forest types.
Interest is increasing among land managers in lowering the risk of severe fire through thinning
and other fuels-reduction treatments, particularly in ponderosa pine and dry mixed conifer types.
However, not all of these forests have been altered significantly in structure (e.g., tree density),
relative to historical variability, and not all require thinning or other treatments. Broad
generalities about the stand structure and fire regime (severity, frequency, seasonality, etc.) of
these forests have been refuted in specific cases (e.g., Shinneman and Baker 1997), and cannot
be considered valid across the range of these ecosystems. In many cases, the data needed to
determine whether high-severity fires historically occurred in these forests have not been
collected (Baker and Ehle 2003). Where the evidence has been collected and examined, there are
cases where high-severity fire was and was not a part of historical variability. Sometimes, both
of these may occur within the same region, even on adjoining or nearby slopes (Ehle and Baker
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2003, Baker et al., in press, Sherriff et al., in review). Therefore, substantive landscape-scale
evidence must be collected and analyzed before it can be determined that a particular forest
setting experienced a particular fire regime historically. Appropriate evidence includes 1) treering dating of stand-origins across a landscape, accompanied by a network of cross-dated fire
scars; 2) examination of historical records, including forest reserve reports, early newspaper
articles, early stand exams, early maps, historical accounts and local histories, and other sources
of qualitative or semi-quantitative historical evidence, and, if possible, 3) charcoal and pollen
analyses. Fire history evidence is needed across whole landscapes, and it should be collected
across a statistically unbiased network of sites.
High fuel loads, dense forests, and ladder fuels are not necessarily ecological problems, because
many forests had these characteristics as part of their historical range of variability. Land uses
and fire exclusion can certainly increase fuel loads and fire risk, but they do not do so
universally; instead they may alter fuels in divergent or complex ways that lead to a need for
decreases in particular fuels and increases in other fuels, if restoration to historical variability is
the goal. For example, fire exclusion can increase tree regeneration and ladder fuels in some
cases (Covington and Moore 1994) and decrease tree regeneration and ladder fuels in other cases
(Ehle and Baker 2003). Logging may decrease large, dead fuels by removing trunks, but increase
fine, dead fuels by leaving slash. Thus, a common restoration need in logged forests is to
increase snags and large, dead wood (potentially increasing the risk of higher intensity fire),
while decreasing fine, dead fuels left behind by logging (potentially decreasing the risk of
ignition and rate of spread). The particular history of land uses, and the specific effects of these
uses on individual fuel components must be considered in order to formulate ecologically based
restoration prescriptions. Restoration of fuels and fire risk to a historical or natural range of
variability, rather than blanket fuels reduction, is most compatible with restoring and maintaining
biodiversity.
Because ecological variability is great, there are few universal principles for integrating insights
from ecology and conservation biology into fire management and restoration policies.
Nevertheless, one principle that seems to hold is that as forests are managed or restored, they
“should not only support the fire regime of interest, but also viable populations of native species
in functional habitat networks across space and through time” (Hessburg et al. 2005: 136). A
universally desirable conservation goal is a forest ecosystem with its fire regime, fuels, tree
population structure, and other living organisms restored to within historical variability. Where
this cannot be fully achieved, the greatest conservation value may be obtained where deviation
from HRV is minimized in general and particular attention paid to maintenance of the whole
range of native terrestrial and aquatic biota.
Over much of the West, ponderosa pine and dry mixed-conifer forests are most altered by
logging, livestock grazing, and human-set fires. Large expanses of forest are dense because they
are young, due to logging or stand-replacement fires in the late 1800s and early 1900s, and
overgrazing by livestock, which facilitated tree regeneration by reducing competition with
grasses. If restoration is to be successful, these land uses themselves must be reformed, so that an
endless cycle of treatment, degradation by unsustainable land uses, and a new need for treatment
does not continue. Forest understories, in particular native bunchgrasses, forbs, and shrubs, play
a significant role in competing with young trees and in preventing or slowing tree regeneration.
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In this regard, restoration of degraded understories is as essential to successful ecosystem
restoration as is restoration of tree population structure. Moreover, forest understories often
contain the richest biodiversity (especially of plants) in the forest and provide food for a variety
of other organisms.
HFRA, Fire, and Ecology
To the extent that scientists are involved in developing policies and practices, they tend to be
specialists in fire and fuel management, not ecologists, conservation biologists, or other broadly
trained scientists. It is not surprising, then, that current forest policy such as the Healthy Forests
Restoration Act (HFRA) of 2003 does not adequately incorporate ecological science in its
implementation and promotes a narrow definition of restoration that focuses almost exclusively
on fuels (DellaSala et al. 2004, Schoennagel et al. 2004a).
The objective of HFRA is to restore forests that have experienced moderately to significantly
altered fire regimes over the last century. How departure from historical fire regimes is assessed
for this purpose is a highly structured and detailed process (www.landfire.gov, www.frcc.gov),
requiring quantitative spatial and temporal data on fuels and fire regimes for numerous forest
types that are often unavailable or vary widely in accuracy. Expert opinion and unvalidated
models often are used in place of systematic, quantitative, peer-reviewed studies. Often, such
studies are not available, but sometimes they exist but are not used. Hence, although
prioritization of sites for restoration activities under HFRA appears to be a rigorous and highly
structured process, the specificity required by this process far exceeds available data, and in
effect, renders it of questionable scientific merit.
Additionally, the concept of forest restoration under HFRA is very narrow, focusing almost
exclusively on structural restoration of fuels and tree density important to fire risk mitigation.
Ecological restoration, however, requires the maintenance of ecological processes, native species
composition, and forest structure at both stand and landscape scales, as we have discussed in this
paper. Broader conception and implementation of restoration objectives beyond fuel and fire
mitigation are necessary to satisfy more comprehensive, scientifically based approaches to
ecological restoration of western forests.
Recommendations
A primary conclusion of this report is that forest and fire policy should recognize and
accommodate wide differences that exist in the characteristic role of fire among forest types and
sites. Such policies also need to explicitly recognize that fires and their aftermaths affect many
organisms besides just trees and that the value of these organisms to humans and ecosystems
may greatly exceed the value of the harvestable timber. Hence, incorporation of scientifically
defensible ecological information and judgment in policy and management decisions is critical.
It follows that:
•

Flexibility and discretion on the part of forest managers are necessary in designing and
applying treatments, but can lead to undesirable consequences unless accompanied by
substantial experience and knowledge of forest ecology. Management actions must be
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considered within broad and acceptable policy objectives and with the opportunity for
meaningful public review. As part of developing and holding this consensus, such
approaches as third-party reviews should be considered (see following)
•

Credible third-party scientific reviews are critical when major controversies arise as to
the scientific credibility of proposed activities, such as the use of fuel condition classes
for stratifying and prioritizing activities. The National Academy of Sciences is an
appropriate venue for such reviews, but we are encouraged that the more specialized
scientific societies (e.g., the Society for Conservation Biology, which sponsored this
report) are already addressing this need.

•

Issues of economic or political vs. ecological goals should be considered explicitly. We
have addressed ecological rather than economic issues in this report. The choice to
implement treatments and serve economic or political goals by sacrificing ecological
values (e.g., paying for restoration treatments by logging large, old trees) is a policy
decision, which science can only inform. However, the comprehensive and long-term
consequences of such decisions on ecological values must be given due consideration. It
is important to recognize that there are risks associated with restorative treatment of
stands and landscapes. These include: 1) uncertainties/risks associated with basing
treatments on inadequate knowledge (in which case a precautionary approach should
apply); and 2) risks associated with not taking restorative actions, including the potential
for loss of significant ecological values. An example is the loss of northern or Mexican
spotted owl habitat to uncharacteristically large stand-replacement fires on the eastern
slopes of Cascade Range or in the Southwest, respectively.

•

Priorities for restoration need to be determined on the basis of ecological considerations
and urgency. High-priority cases may include areas where significant ecological values
are at risk of uncharacteristic stand-replacement fire. We note that these are not
necessarily the sites that are most out of synchrony with natural fire cycle; for instance,
mixed-conifer sites often develop heavy fuel loadings and ladder fuels much more
quickly than old-growth ponderosa pine sites, even though the mixed-conifer sites have
not missed as many burning cycles, due to higher productivity and presence of species
(e.g., grand or white fir) that provide superb ladder fuels. Areas where biological values
are likely to be paramount include essential habitat for rare, threatened, or endangered
species and key watersheds for protection of aquatic species.

Decisions regarding management of fire-prone forests should be made with the understanding
that forests face threats other than uncharacteristic fire or inappropriate management actions.
Threats that have the potential for producing uncontrollable or irreversible changes in forests
include rapid climate change and invasions or population increases of non-native pest species
(weeds, pathogens, etc.). Where invasive species are present, they should be controlled before
restoration treatments that open the forest canopy, disturb the soil, or include fire are undertaken,
because all three of these activities have been shown to favor invasive species. It is not sound
restoration policy to trade desired forest structure and fire regimes for invasive species
dominance. Livestock are also non-native species, and forest restoration programs must consider
the effects of livestock grazing on fire regimes and regeneration conditions.
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A major complication to science-based forest and fire management is the rapid increase of the
wildland-urban interface (WUI), a result of urban sprawl, which already includes 9% of the U.S.
land area and is expanding in the western United States as people build houses in and near fireprone forests (Dombeck et al. 2004, Radeloff et al. 2005). WUI areas may require fuel reduction
and fire management policies that are inconsistent with maintaining the biodiversity of those
sites, even though carefully tailored treatments can maintain some aspects of biodiversity. An
expanding WUI fragments landscapes, introduces invasive species, and may be a source of
uncharacteristic fires; all of these lead to ecological impacts that extend well outside the WUI
itself. To minimize the adverse impacts of the WUI requires, not just appropriate fire
management policies, but also growth-management policies directed at minimizing urban sprawl
into wildlands (Marzluff and Bradey 2003, Radeloff et al. 2005, Theobald et al. 2006).
Overall, a valuable and common-sense conservation goal is to seek to achieve restored forests
that are low maintenance and do not require repeated treatment. In this regard, wildland “fire
use” is the cheapest and most ecologically appropriate fire management policy for most forests.
We envision a future where fire is seen by land managers and the public as a friend of healthy
forests but where each forest and each patch of the forest mosaic is recognized for its
individuality and managed according to its needs. The precautionary principle should therefore
always be the first principle of forest management: “do no harm.”

48

LITERATURE CITED
Agee, J. K., and R. Flewelling. 1983. A fire cycle model based on climate for the Olympic
Mountains, Washington. Fire and Forest Meteorology 7:32-37.
Agee, J.K. 1998a. Fire and pine ecosystems. Pages 193-218 in D.M. Richardson, editor. Ecology
and Biogeography of Pinus. Cambridge University Press, Cambridge, UK.
Agee, J. K. 1998b. The landscape ecology of western forest fire regimes. Northwest Science
72:24-34.
Agee, J. K. 1993. Fire ecology of Pacific Northwest forests. Island Press, Washington, D.C.
Agee, J. K. 1997. The severe weather wildfire -too hot to handle? Northwest Science 71:153156.
Agee, J. K., and Skinner, C. N. 2005. Basic principles of forest fuel reduction treatments. Forest
Ecology and Management 211: 83–96.
Amaranthus, M. P. 1989. Effect of grass seeding and fertilizing on surface erosion in two
intensely burned sites in southwest Oregon. PSW-GTR-109, USDA Forest Service, Berkeley,
CA.
Allen, C. D., M. Savage, D. Falk, K. F. Suckling, T. W. Swetnam, T. Schulke, P. B. Stacey, P.
Morgan, M. Hoffman, and J. Klingel. 2002. Ecological restoration of southwestern ponderosa
pine ecosystems: a broad perspective. Ecological applications 12:1418-1433.
Alexander, Robert R. 1985. Major habitat types, community types, and plant communities in
the Rocky Mountains. USDA Forest Service General Technical Report RM-123, 105 p. Fort
Collins, CO
Anderson, E.W., and Brooks, L.E. 1975. Reducing erosion hazard on a burned forest in Oregon
by seeding. Journal of Range Management 28:394–399.
Anderson, M.K. 2005. Tending the wild: Native American knowledge and management of
California’s natural resources. Berkeley, University of California Press.
Arcese, P., and A.R.E. Sinclair. 1997. The role of protected areas as ecological baselines. Journal
of Wildlife Management 61:587-602.
Arno, S. F. 2000. Fire in western forest ecosystems. Pages 97-120 in J. K. Brown and J. K.
Smith, editors. Wildland fire in ecosystems: Effects of fire on flora. USDA Forest Service
General Technical Report RMRS-GTR-42-volume 2, Rocky Mountain Research Station, Fort
Collins, Colorado.

49

Backer, D. M., S. E. Jensen, and G. R. McPherson. 2004. Impacts of fire-suppression activities
on natural communities. Conservation Biology 18:937-946.
Baisan, C., and T. Swetnam. 1997. Interactions of fire regimes and land use in the central Rio
Grande Valley. USDA Forest Service Rocky Mountain Forest and Range Experiment Station
Research Paper (RM-330): 1-20, Ogden, UT.
Baker, W. L. 1993. Spatially heterogenous multi-scale response of landscapes to fire
suppression. Oikos 66:66-71.
Baker, W.L., and D. Ehle. 2001. Uncertainty in surface-fire history: the case of ponderosa pine
forests in the western United States. Canadian Journal of Forest Research 31:1205-1226.
Baker, W.L., and D.S. Ehle. 2003. Uncertainty in fire history and restoration of ponderosa pine
forests in the western United States. Pages 319-333 In: P. N. Omi and L. A. Joyce, editors. Fire,
fuel treatments, and ecological restoration: conference proceedings. USDA Forest Service
Proceedings RMRS-P-29, Rocky Mountain Research Station, Fort Collins, CO.
Baker, W. L., T. T. Veblen, and R. L. Sherriff. In press. Fire, fuels, and restoration of ponderosa
pine and Douglas-fir forests in the Rocky Mountains, USA. Journal of Biogeography, in press.
Barber, T. R., C. C. Lutes, MRJ Doorn, P.C. Fuchsman, H. J. Timmenga, and R. L. Crouch.
2003. Aquatic ecological risks due to cyanide releases from biomass burning. Chemosphere 50:
343-348.
Barclay, A., J. Betancourt, and C. Allen. 2004. Effects of seeding ryegrass (Lolium multiflorum)
on vegetation recovery following fire in a ponderosa pine (Pinus ponderosa) forest. International
Journal of Wildland Fire 13:183-194.
Beier, P., and J. Maschinski. 2003. Threatened, endangered, and sensitive species. Pages
306-327 in P. Friederici, editor. Ecological restoration of southwestern ponderosa pine forests.
Island Press, Washington, D.C.
Beissinger, S.R., and D.R. McCullough, eds. 2002. Population viability analysis. University of
Chicago Press, Chicago.
Belsky, A., and D. Blumenthal. 1997. Effects of livestock grazing on stand dynamics and soils in
upland forests of the interior West. Conservation Biology 11:315-327.
Beschta, R., J. Rhodes, J. Kauffman, R. Gresswell, G. Minshall, J. Karr, D. Perry, F. Hauer, and
C. Frissell. 2004. Postfire management of forested public lands of the western United States.
Conservation Biology 18:957-967.
Bessie, W. C., and E. A. Johnson. 1995. The relative importance of fuels and weather on fire
behavior in subalpine forests. Ecology 76:747-762.

50

Beyers, J. L. 2004. Postfire seeding for erosion control: effectiveness and impacts on native plant
communities. Conservation Biology 18:947-956.
Bigler, C., D. Kulakowski, and T. T. Veblen. 2005. Multiple disturbance interactions and
drought influence fire severity in Rocky Mountain subalpine forests. Ecology 86:3018-3029.
Boyle, G. 1982. Erosion from burned watersheds in the San Bernadino National Forest. USDA
Forest Service General Technical Report PSW-GTR-58.
Brown, E. R. (editor). 1985. Management of wildlife and fish habitats in forests of western
Oregon and Washington. Volume 1 & 2. USDA Forest Service Publication R6-F&WL-1921985. USDA Forest Service Region 6: Portland, OR.
Brown, J. K., and T. See. 1981. Downed dead woody fuel and biomass in the northern Rocky
Mountains. USDA Forest Service Research Paper INT-117, Intermountain Forest and Range
Experiment Station, Ogden, Utah.
Brown, J. K., and C. D. Bevins. 1986. Surface fuel loadings and predicted fire behavior for
vegetation types in the northern Rocky Mountains. Research Note INT-358, U.S. Forest Service,
Missoula, Montana.
Brown, J. K., E. D. Reinhardt, and K. A. Kramer. 2003. Coarse woody debris: Managing
benefits and fire hazard in the recovering forest. USDA Forest Service General Technical Report
RMRS-GTR-105, Rocky Mountain Research Station, Fort Collins, Colorado. 16 pp.
Brown, P. M., M. R. Kaufmann, and W. D. Shepperd. 1999. Long-term landscape patterns of
past fire events in a montane ponderosa pine forest of central Colorado. Landscape ecology
14:513-532.
Brown, R.T., J.K. Agee, and J.F. Franklin. 2004. Forest restoration and fire: principles in the
context of place. Conservation Biology 18:903-912.
Christensen, N.L., A.M. Bartuska, J.H. Brown, S. Carpenter, C. D’Antonio, R. Francis, J.F.
Franklin, J.A. MacMahon, R.F. Noss, D.J. Parsons, C.H. Peterson, M.G. Turner, and R.G.
Woodmansee. 1996. The report of the Ecological Society of America Committee on the
Scientific Basis for Ecosystem Management. Ecological Applications 6:665-691.
Clausnitzer, R.R., and B.A. Zamora. 1987. Forest habitat types of the Colville Indian
Reservation. Washington State University Agriculture Research Center Publication No.
MISC0110, 110 p. Pullman, WA.
Conard, S.G., Regelbrugge, J.C., and Wills, R.D. 1991. Preliminary effects of ryegrass seeding
on post-fire establishment of natural vegetation in two California ecosystems. Pages 314-321 in
P. Andrews and D. Potts, editors. Proceedings of the 11th Conference on Fire and Forest
Meteorology, 16–19 Apr. 1991, Missoula, Montana. Society of American Foresters, Bethesda,
MD.

51

Covington, W.W. 2000. Helping western forests heal. Nature 408:135-136.
Covington, W.W. 2003. The evolutionary and historical context. Pages 26-47 in P.Friederici,
editor. Ecological restoration of southwestern ponderosa pine forests. Island Press, Washington,
D.C.
Covington, W. W., and M. M. Moore. 1994. Southwestern ponderosa pine forest structure and
resource conditions: changes since Euro-American settlement. Journal of Forestry 92:39-47.
Covington, W. W., P. Z. Fule, M. M. Moore, S. C. Hart, T. E. Kolb, J. N. Mast, S. S. Sackkett,
and M. R. Wagner. 1997. Restoration of ecosystem health in southwestern ponderosa pine
forests. Journal of Forestry 95:23-29.
Crane, M.F., Habeck, J., and Fisher, W.C. 1983. Early post-fire revegetation in a western
Montana Douglas-fir forest. USDA Forest Service General Technical Report INT-GTR-319.
Crist, M., B. Wilmer, and G. Aplet. 2005. Assessing the value of roadless areas in a conservation
reserve strategy: an analysis of biodiversity and landscape connectivity in the Northern Rockies,
USA. Journal of Applied Ecology 42:181-191.
Croker, R.A. 1991. Pioneer ecologist: the life and work of Victor Ernest Shelford, 1877-1968.
Smithsonian Institution Press, Washington, D.C.
Daubenmire, R. 1952. Forest vegetation of northern Idaho and adjacent Washington, and its
bearing on concepts of vegetation classification. Ecological Monographs 22:301-330.
Daubenmire, R., and Jean B. Daubenmire. 1968. Forest vegetation of eastern Washington and
northern Idaho. Washington Agricultural Experiment Station Technical Bulletin 60, 104 p.
Pullman, WA.
DellaSala, D.A., R.G. Anthony, T.A.Spies, and K.A. Engel. 1998. Management of bald eagle
communal roosts in fire-adapted mixed-conifer forests. Journal of Wildlife Management 62:322333.
DellaSala, D.A., and E. Frost. 2001. An ecologically based strategy for fire and fuels
management in National Forest roadless areas. Fire Management Today 61(2):12-23.
DellaSala, D.A., J.E. Williams, C.D. Williams, and J.F. Franklin. 2004. Beyond smoke
and mirrors: a synthesis of fire policy and science. Conservation Biology 18:976-986.
DeVelice, R.L., and J.R. Martin. 2001. Assessing the extent to which roadless areas complement
the conservation of biological diversity. Ecological Applications 11:1008-1018.
Dombeck, M.P., J.E. Williams, and C.A. Wood. 2004. Wildfire policy and public lands:

52

integrating scientific understanding with social concerns across landscapes. Conservation
Biology 18:883-889.
Donato, D.C., J.B. Fontaine, J.L. Campbell, W.D. Robinson, J.B. Kauffman, and B.E. Law.
2006. Post-wildfire logging hinders regeneration and increases fire risk. Science 311:352.
Dunham J. B., M. K. Young, R. E. Gresswell and B. E. Rieman. 2003. Effects of fire on fish
populations: landscape perspectives on persistence of native fishes and nonnative fish invasions.
Forest Ecology and Management 178: 183-196.
Ehle, D. S., and W. H. Baker. 2003. Disturbance and stand dynamics in ponderosa pine forests in
Rocky Mountain National Park, USA. Ecological Monographs 73:543-566.
Engstrom, R.T., P.D. Vickery, D.W. Perkins, and W.G. Shriver. 2005. Effects of fire regime on
birds in southeastern pine savannas and native prairies. Studies in Avian Biology 30:147-160.
Finney, M. A., C. W. McHugh, R. Bartlette, K. Close, and P. Langowski. 2003. Fire behavior,
fuel treatments, and fire suppression on the Hayman Fire. Part 2. Description and interpretations
of fire behavior. Pages 59-95 In: R. T. Graham, editor. Hayman fire case study. USDA Forest
Service General Technical Report RMRS-GTR-114, Rocky Mountain Research Station, Fort
Collins, Colorado.
Foster, D.R., D.H. Knight, and J.F. Franklin. 1998. Landscape patterns and legacies resulting
from large, infrequent forest disturbances. Ecosystems 1:497-510.
Franklin, J. F., and J. K. Agee. 2003. Forging a science-based national forest fire policy. Issues
in Science and Technology 20:59-66.
Franklin, J., and C. Dyrness. 1973. Natural vegetation of Oregon and Washington. USDA Forest
Service General Technical Report PNW-8.
Franklin, Jerry F., William H. Moir, Miles A. Hemstrom, Sarah E. Greene, and Bradley G.
Smith. 1988. The forest communities of Mount Rainier National Park. USDI National Park
Service Scientific Monograph 19, 194 p.
Franklin, J.F., D.E. Berg, D.A. Thornburgh, and J.C. Tappeiner. 1997. Alternative silvicultural
approaches to timber harvesting: variable retention harvest systems. Pages 111-139 in K.A.
Kohm and J.F. Franklin, editors. Creating a forestry for the 21st century: the science of
ecosystem management. Island Press, Washington, D.C.
Franklin, J.F., and C.B. Halpern. 2000. Pacific Northwest forests. Pages 123-159 in M.G.
Barbour and D.W. Billings, editors. North American terrestrial vegetation, 2nd edition.
Cambridge University Press, Cambridge,UK.

53

Franklin, J., D. Perry, R. Noss, D. Montgomery, and C. Frissell. 2000. Simplified forest
management to achieve watershed and forest health: a critique. Report of the Scientific Panel on
Ecosystem Based Forest Management. National Wildlife Federation, Seattle, WA.
Franklin, Jerry F., Thomas A. Spies, Robert Van Pelt, Andrew B. Carey, Dale A. Thornburgh,
Dean Rae Berg, David B. Lindenmayer, Mark E. Harmon, William S. Keeton, David C. Shaw,
Ken bible, and Jiquan Chen. 2002. Disturbances and structural development of natural forest
ecosystems with silvicultural implications, using Douglas-fir forests as an example. Forest
Ecology and Management 155:399-423.
Jerry F. Franklin and Robert Van Pelt. 2004. Spatial aspects of structural complexity in oldgrowth forests. Jour. Forestry 102(3):22-27.
Friederici, P., editor. 2003. Ecological restoration of southwestern ponderosa pine forests.
Island Press, Washington, D.C.
Geier-Hayes, K. 1995. The impact of post-fire seeded grasses on native vegetative communities
in Central Idaho. Page 15 in J. Greenlee, editor. Proceedings of the Fire Effects on Threatened
and Endangered Species and Habitats Conference, 13–16 Nov. 1995. International Association
of Wildland Fire, Spokane, WA.
Gedalof, Z., D. L. Peterson, and N. J. Mantua. 2005. Atmospheric, climatic and ecological
controls on extreme wildfire years in the northwestern United States. Ecological Applications
15:154-174.
Gresswell, R. E. 1999. Fire and aquatic ecosystems in forested biomes of North America.
Transactions of American Fisheries Society 128:193-221.
Griffin, J. R. 1982. Pine seedlings, native ground cover and Lolium multiflorum on the
Marble-Cone burn, Santa Lucia Range, California. Madroño 29:177-188.
Groves, C. 2003. Drafting a conservation blueprint: a practitioner’s guide to planning for
biodiversity. Island Press, Washington, D.C.
Habeck, J.R., and R.W. Mutch. 1973. Fire-dependent forests in the northern Rocky Mountains.
Journal of Quaternary Research 3:408-424.
Hanks, J.P., E.L. Fitzhugh, and S.R. Hanks. 1983. A habitat type classification system for
ponderosa pine forests of northern Arizona. USDA Forest Service General Technical Report
RM-97, 22 p. Fort Collins, CO.
Hansen, P.L., and G.R. Hoffman. 1988. The vegetation of the Grand River/Cedar River, Sioux,
and Ashland Districts of the Custer National Forest: a habitat type classification. USDA Forest
Service General Technical Report RM-157, 68 p. Fort Collins, CO.

54

Harmon, M. E., J. F. Franklin, F. J. Swanson, et al. 2004. Ecology of coarse woody debris in
temperate ecosystems. Advances Ecological Research 34:
Hemstrom, M.A., and J.F. Franklin. 1982. Fire and other disturbances of the forests in Mount
Rainier National Park. Journal of Quaternary Research 18:32-51.
Hemstrom, Miles A., Sheila E. Logan, and Warren Pavlat. 1987. Plant association and
management guide Willamette National Forest. USDA Forest Service Pacific Northwest Region
Report R6-Ecol 257-B-86, 312 p. Portland, OR.
Henderson, J.A., D.H. Peter, R.D. Lesher, and D.C. Shaw. 1989. Forested plant associations of
the Olympic National Forest. USDA Forest Service PNW Region R6-Ecol Technical Paper 00188, 502 p. Portland, OR.
Hessberg, P.F., J.K. Agee, and J.F. Franklin. 2005. Dry forests and wildland fires of the inland
northwest USA: contrasting the landscape ecology of the pre-settlement and modern eras. Forest
Ecology and Management 211:117-139.
Heyerdahl, E. K., L. B. Brubaker, and J. K. Agee. 2001. Spatial controls of historical fire
regimes: a multiscale example from the interior west, USA. Ecology 82:660-678.
Hobbs, R. J., and D. A. Norton. 1996. Towards a conceptual framework for restoration ecology.
Restoration Ecology 4:93-110.
Hoffman, G.R., and R. R. Alexander. 1987. Forest vegetation of the Black Hills National Forest
of south Dakota and Wyoming: a habitat type classification. USDA
Forest Service Research Paper RM-276, 48 p.
Hutto, R.L. 1995. Composition of bird communities following stand-replacement fires in
northern Rocky Mountain (U.S.A.) conifer forests. Conservation Biology 9:1041-1058.
Isaac, Leo A. 1949. Better Douglas-fir forests from better seed. 64 p. University of Washington
Press: Seattle WA.
Johnson, K.N., J.F. Franklin, and D.L. Johnson. 2003. A plan for the Klamath Tribes’
management of the Klamath Reservation Forest.
Johnson, D.H.,and T.A. O’Neil (editors). 2001. Wildlife-habitat relationships in Oregon and
Washington. Oregon State University Press: Corvallis, OR.
Johnson, E. A., and D. R. Wowchuk. 1993. Wildfires in the southern Canadian Rocky Mountains
and their relationship to mid-tropospheric anomalies. Canadian Journal of Forest Research
23:1213-1222.
Karr, J.R. 1991. Biological integrity: a long-neglected aspect of water resource management.
Ecological Applications 1:66-84.

55

Karr, J.R., J.J. Rhodes, G.W. Minshall, F.R. Hauer, R.L. Beschta, C.A. Frissell, and D.A. Perry.
2004. The effects of postfire salvage logging on aquatic ecosystems in the American West.
BioScience 54:1029-1033.
Kaufmann, M. R., C. M. Regan, and P. M. Brown. 2000. Heterogeneity in ponderosa
pine/Douglas-fir forests: age and size structure in unlogged and logged landscapes of central
Colorado. Canadian Journal of Forest Research 30:698-711.
Keeley, J. E. 2004. Ecological impacts of wheat seeding after a Sierra Nevada wildfire.
International Journal of Wildland Fire 13:73-78.
Keeley, J.E., C.D. Allen, J. Betancourt, G.W. Chong, C.J. Fotheringham, and H. D. Safford.
2006. A 21st century perspective on postfire seeding. Journal of Forestry 104:103-104.
Kilgore, B. M. 1981. Fire in ecosystem distribution and structure: western forests and
scrublands. Pages 58-89 in H. A. Mooney, T. M. Bonnicksen, N. L. Christensen, J. E. Lotan and
W. A. Reiners, editors. Fire regimes and ecosystem properties: proceedings of the conference,
Dec. 11-15, 1978, Honolulu, Hawaii. USDA Forest Service General Technical Report WO-26,
Washington, D.C.
Kipfmueller, K. F., and W. L. Baker. 2000. A fire history of a subalpine forest in south-eastern
Wyoming, USA. Journal of Biogeography 27:71-85.
Kipfmuller, K. F., and T. W. Swetnam. 2000. Fire-climate interactions in the Selway-Bitterroot
Wilderness Area. Pages 270-275 in D. N. Cole, S. F. McCool, W. T. Borriw, and J. O'Laughlin,
editors. Wilderness science in a time of change -Volume 5: Wilderness ecosystems, threats and
management. U.S.D.A. Forest Service, Rocky Mountain Research Station, Missoula, MT.
Krammes, J.S. 1960. Erosion from mountain side slopes after fire in southern California. USDA
Forest Service Research Note PSW-RN-171.
Krammes, J.S., and L.W. Hill. 1963. First aid for burned watersheds. USDA Forest Service
Research Note PSW-RN-29.
Krawchuck, M. A., S. G. Cumming, M. D. Flannigan, and R. W. Wein. In review. Biotic and
abiotic regulation of lightning fire initiation in the mixedwood boreal forest. Ecology.
Kruse, R., E. Bend, and P. Bierzychudek. 2004. Native plant regeneration and introduction of
non-natives following post-fire rehabilitation with straw mulch and barley seeding. Forest
Ecology and Management 196:299-310.
Larson, Andrew J., and Jerry F. Franklin. 2005. Patterns of conifer tree regeneration following
an autumn wildfire event in the western Oregon Cascade Range, USA. Forest Ecology and
Management 218:25-36.

56

Leege, T.A., and Godbolt, G. 1985. Herbaceous response following prescribed burning and
seeding of elk range in Idaho. Northwest. Science 59: 134–143.
Le Goff, H., A. Leduc, Y. Bergeron, and M. Flannigan. 2005. The adaptive capacity of forest
management to changing fire regimes in the boreal forest of Quebec. Forestry Chronicle 81:582592.
Leopold, A. 1941. Wilderness as a land laboratory. Living Wilderness 6(July):3.
Lertzman, K. P., D. Gavin, D Hallett, L. Brubaker, D. Lepofsky, and R. Mathewes. 2002. Longterm fire regime estimated from soil charcoal in coastal temperate rainforests. Conservation
Ecology 6(2):5.
Lindenmayer, D.B., and J.F. Franklin. 2002. Conserving forest biodiversity: a comprehensive
multiscaled approach. Island Press, Washington, D.C.
Lindenmayer, D.B., D.R. Foster, J.F. Franklin, M.L. Hunter, R.F. Noss, F.A.
Schmiegelow, and D. Perry. 2004. Saving forests or saving fiber? Salvage harvesting policies
after natural disturbance impairs ecosystem and species recovery. Science 303:1303.
Lindenmayer, D.B., and R.F. Noss. 2006. Salvage harvesting, ecosystem processes, and
biodiversity conservation. Conservation Biology 20:949-958.
Loucks, C., N. Brown, A. Loucks, and K. Cesareo. 2003. USDA Forest Service roadless areas:
potential biodiversity conservation reserves. Conservation Ecology 7 (2)
Madany, M. H., and N. E. West. 1983. Livestock grazing-fire regime interactions within
montane forests of Zion National Park, Utah. Ecology 64:661-667.
Martin, R.E. 1982. Fire history and its role in succession. Pages 92-99 in J. E. Means, editor.
Forest succession and stand development in the Northwest. Forestry Sciences Laboratory,
Oregon State University, Corvallis, Oregon.
Marzluff, J.M., and G.A. Bradley. 2003. Ecological restoration in the urban-wildland
interface. Pages 353-370 in P. Friederici, editor. Ecological restoration of southwestern
ponderosa pine forests. Island Press, Washington, D.C.
Maser, Chris, Robert F. Tarrant, James M. Trappe, and Jerry F. Franklin (editors). 1988. From
the forest to the sea: a story of fallen trees. USDA Forest Service General Technical Report
PNW-GTR-229, 153 p.
McKelvey, K., C. N. Skinner, C. Chang, D. Erdman, S. Husari, D. Parsons, J. vanWagtendonk,
and C. Weaterspoon. 1996. An overview of fire in the Sierra Nevada. Centers for Water and
Wildland Resources, University of California, Davis, CA.

57

McKenzie, D., Z. Gedalof, D.L. Peterson, and P. Mote. 2004. Climatic change, wildfire, and
conservation. Conservation Biology 18:890-902.
Millar, C.I. 1998. Early evolution of pines. Pages 69-91 in D.M. Richardson, editor. Ecology and
Biogeography of Pinus. Cambridge University Press, Cambridge, UK.
Miller, M. 2000. Fire autoecology. Pages 9-34 in J. K. Brown and J. K. Smith, editors.
Wildland fire in ecosystems: Effects of fire on flora. USDA Forest Service General Technical
Report RMRS-GTR-42-volume 2, Rocky Mountain Research Station, Fort Collins, Colorado.
Millspaugh, S. H., C. Whitlock, and P. J. Bartlein. 2000. Variations in fire frequency and climate
over the past 17000 yr in central Yellowstone National Park. Geology 28:211-214.
Minshall, G.W. 2003. Responses of stream benthic invertebrates to fire. Forest Ecology and
Management 178:155-161.
Moore, M. M., W. W. Covington, and P. Z. Fule. 1999. Reference conditions and ecological
restoration: a southwestern ponderosa pine perspective. Ecological Applications 9:1266-1277.
Naiman, R.J, Decamps,H., and M.E. McClain. 2005. Riparia: ecology, conservation, and
management of streamside communities. Elsevier, Amsterdam.
National Park Service. 1988. Management policies: USDI National Park Service. U.S
Government Printing Office, Washington, D.C.
Noss, R.F. 1987. From plant communities to landscapes in conservation inventories: a look at
The Nature Conservancy (USA). Biological Conservation 41:11-37.
Noss, R.F. 1991. Sustainability and wilderness. Conservation Biology 5:120-122.
Noss, R.F., editor. 2000. The redwood forest: history, ecology, and conservation of the coast
redwoods. Island Press, Washington, D.C.
Noss, R.F., P. Beier, W.W. Covington, R.E. Grumbine, D.B. Lindenmayer, J.W. Prather, F.
Schmiegelow, T.D. Sisk, and D.J. Vosick. 2006. Integrating restoration ecology and
conservation biology: a case study from ponderosa pine forests of the southwestern USA.
Restoration Ecology 14:4-10.
Noss, R.F., and A. Cooperrider. 1994. Saving Nature’s legacy: protecting and restoring
biodiversity. Island Press, Washington, D.C.
Noss, R.F., M.A. O’Connell, and D.D. Murphy. 1997. The science of conservation planning:
habitat conservation under the Endangered Species Act. Island Press, Washington, D.C.

58

Odion, D., E. Frost, J. Strittholt, H. Jiang, D. Dellasala, and M. Moritz. 2004. Patterns of fire
severity and forest conditions in the western Klamath Mountains, California. Conservation
Biology 18:927-936.
Parsons, D. J., and DeBenedetti, S. H. 1979. Impact of fire suppression on a mixed-conifer
forest. Forest Ecology and Management 2:21-33.
Parsons, D.J., D.M. Graber, J.K. Agee, and J.W. van Wagtendonk. 1986. Natural fire
management in national parks. Environmental Management 10:21-24.
Pearson, G. A. 1942. Herbaceous vegetation a factor in natural regeneration of ponderosa pine
in the southwest. Ecological Monographs 12:315-338.
Perry, D., J. Jing, A. Youngblood, and D.R. Oetter. 2004. Forest structure and fire susceptibility
in volcanic landscapes of the Eastern High Cascades, Oregon. Conservation Biology 18:913926.
Pickett, S.T.A., and J.N. Thompson. 1978. Patch dynamics and the design of nature reserves.
Biological Conservation 13:27-37.
Pierce, J.L., G.A. Meyer, and A.J.T. Jull. 2004. Fire-induced erosion and millennial-scale climate
change in northern ponderosa pine forests. Nature 432:87-90.
Pilliod, D. S. , R. B. Bury, E. J. Hyde, C. A. Pearl, and P. S. Corn. 2003. Fire and amphibians in
North America. Forest Ecology and Management 178: 163-181.
Prather, J., R.F. Noss, and T.D. Sisk. In press. Real vs. perceived conflicts between restoration of
ponderosa pine forests and conservation of the Mexican Spotted Owl. Forest Policy and
Economics.
Purcell, K.L., and S.L. Stephens. 2005. Changing fire regimes and the avifauna of California oak
woodlands. Studies in Avian Biology 30:33-45.
Radeloff, V.C., R.B. Hammer, S.I. Stewart, J.S. Fried, S.S. Holcomb, and J.F. McKeefry. 2005.
The wildland-urban interface in the United States. Ecological Applications 15:799-805.
Reap, R. M. 1986. Evaluation of cloud-to-ground lightning data from the western United States
for the 1983-84 summer seasons. Journal of Climate and Applied Meteorology 25:785-799.
Reeves, G. A., P. A. Bisson, B. E. Reiman, and L. E. Benda. 2006. Postfire logging in riparian
areas. Conservation Biology 20: 994-1004.
Renkin, R. A., and D. G. Despain. 1992. Fuel moisture, forest type, and lightning-caused fire in
Yellowstone National Park. Canadian Journal of Forest Research 22:37-45.

59

Rhodes, J., and D. Odion. 2004. Evaluation of the efficacy of forest manipulations still needed.
Bioscience 54:980-981.
Rieman, B., D. Lee, D. Burns, R. Gresswell, M. Young, R. Stowell, J. Rinne, and P. Howell.
2003, Status of native fishes in the western United States and issues for fire and fuels
management. Forest Ecology and Management 178: 197-211.
Robichaud, P. R. J.L. Beyers, and D.G. Neary. 2000. Evaluating the effectiveness of postfire
rehabilitation treatments. RMRS-GTR-63, USDA Forest Service, Rocky Mountain Research
Station, Fort Collins, CO.
Roby, K. 1989. Watershed response and recovery from the Will Fire: ten years of observation. In
N. Berg, editor. Fire and watershed management: proceedings of a symposium, 26–28 Oct. 1988,
Berkeley, CA.
Romme, W.H. 1982. Fire and landscape diversity in subalpine forests of Yellowstone National
Park. Ecological Monographs 52:199-221.
Romme, W. H., and D. G. Despain. 1989. Historical perspective on the Yellowstone fires of
1988. Bioscience 39:695-699.
Rummell, R. S. 1951. Some effects of livestock grazing on ponderosa pine forest and range in
central Washington. Ecology 32:594-607.
Saab, V.A., and H.D.W. Powell. 2005. Fire and avian ecology in North America: process
influencing pattern. Studies in Avian Biology 30:1-13.
Savage, M., and J.N. Mast. 2005. How resilient are southwestern ponderosa pine forests after
crown fires? Canadian Journal of Forest Research 35:967-977.
Savage, M., and T. Swetnam. 1990. Early nineteenth-century fire decline following sheep
pasturing in a Navajo ponderosa pine forest. Ecology 71:2374-2378.
Schoennagel, T. L., and D. M. Waller. 1999. Understory responses to fire and artificial seeding
in an eastern Cascades Abies grandis forest, USA. Canadian Journal of Forest Research 29:13911401.
Schoennagel, T., M.G.Turner, and W. H. Romme. 2003. The influence of fire interval and
serotiny on post-fire lodgepole pine density in Yellowstone National Park. Ecology 84:29672978.
Schoennagel, T., T. T. Veblen, and W. H. Romme. 2004a. The interaction of fire, fuels, and
climate across Rocky Mountain forests. BioScience 54:661-676.

60

Schoennagel, T., D. M. Waller, M. G. Turner, and W. H. Romme. 2004b. The effect of fire
interval on post-fire understorey communities in Yellowstone National Park. Journal of
Vegetation Science 15:797-806.
Schoennagel, T., T. T. Veblen, W. H. Romme, J. S. Sibold, and E. R. Cook. 2005. ENSO and
PDO variability affect drought-induced fire occurrence in Rocky Mountain subalpine forests.
Ecological Applications 15:2000-2014.
Scott, J.M., F. Davis, B. Csuti, R. Noss, B. Butterfield, C. Groves, H. Anderson, S. Caicco, F.
D'Erchia, T.C. Edwards, J. Ulliman, and R.G. Wright. 1993. Gap Analysis: A geographic
approach to protection of biological diversity. Wildlife Monographs 123:1-41.
Scott, J. M., F. W. Davis, R. G. McGhie, R. G. Wright, C. Groves, and J. Estes. 2001. Nature
reserves: do they capture the full range of America's biological diversity? Ecological
Applications 11:999-1007.
Sherriff, R.L. 2004. The historic range of variability of ponderosa pine in the northern Colorado
Front Range: Past fire types and fire effects. Ph.D. Dissertation. University of Colorado,
Boulder.
Sherriff, R., and T. T. Veblen. In review. A spatially explicit reconstruction of fire frequency in
the ponderosa pine zone of the Colorado Front Range.
Shinneman, D. J., and W.L.Baker. 1997. Nonequilibrium dynamics between catastrophic
disturbances and old-growth forests in ponderosa pine landscapes of the Black Hills.
Conservation Biology 11:1276-1288.
Simberloff, D.A. 1998. Flagships, umbrellas, and keystones: Is single-species management passé
in the landscape era? Biological Conservation 83:247-257.
Skinner, C. 1995. Change in spatial characteristics of forest openings in the Klamath Mountains
of northwestern California, USA. Landscape Ecology 10:219-228.
Smith, H. Y., and S. F. Arno. 1999. Eighty years of change in a managed ponderosa pine forests.
RMRS-GTR-23. USDA Forest Service Rocky Mountain Research Station.
Smucker, K.M., R.L. Hutto, and B.M. Steele. 2005. Changes in bird abundance after wildfire:
importance of fire severity and time since fire. Ecological Applications 15:1535-1549.
Spencer , C. N., K. O. Gabel and F. R. Hauer. 2003. Wildfire effects on stream food webs and
nutrient dynamics in Glacier National Park, USA. Forest Ecology and Management 178: 141153.
Spies, T.A., J.F. Franklin, and T.B. Thomas. 1988. Coarse woody debris in Douglas-fir forests of
western Oregon and Washington. Ecology 69:1689-1702.

61

Spies, T. A., M. A. Hemstrom, A. Youngblood, and S. Hummel. 2006. Conserving old-growth
forest diversity in disturbance-prone landscapes. Conservation Biology 20:351-362.
Spies, T., and J. Thompson, 2006. Factors influencing burn severity in the Biscuit Fire:
landscape-level analysis. National Commission on Science for Sustainable Forestry. April 26-27,
2006. Denver, CO.
Stephens, S., and B. Collins. 2004. Fire regimes of mixed conifer forests in the north-central
Sierra Nevada at multiple spatial scales. Northwest Science 78:12-23.
Stephens, S. L., and J. J. Moghaddas. 2005. Silvicultural and reserve impacts on potential fire
behavior and forest conservation: Twenty-five years of experience from Sierra Nevada mixed
conifer forests. Biological Conservation 125:369-379.
Stephenson, N.L. 1999. Reference conditions for giant sequoia forest restoration: structure,
process, and precision. Ecological Applications 9:1253-1265.
Strittholt, J.R., and D.A. DellaSala. 2001. Importance of roadless areas in biodiversity
conservation in forested ecosystems: a case study—Klamath-Siskiyou ecoregion, U.S.A.
Conservation Biology 15:1742-1754.
Swetnam, T.W., and C. H. Baisan. 1996. Historical fire regime patterns in the southwestern
United States since AD 1700. RM-GTR-286, USDA Forest Service.
Taylor, A. H. 2000. Fire regimes and forest changes in mid and upper montane forests of the
southern Cascades, Lassen Volcanic National Park, California, U.S.A. Journal of Biogeography
27:87-104.
Taylor, A. H., and C. N. Skinner. 1998. Fire history and landscape dynamics in a latesuccessional reserve, Klamath Mountains, California, USA. Forest Ecology and Management
111:285-301.
Taylor, A. H., and C. N. Skinner. 2003. Spatial patterns and controls on historical fire regimes
and forest structure in the Klamath Mountains. Ecological Applications 13:704-719.
Theobald, D.M., T. Spies, J. Kline, B. Maxwell, N. T. Hobbs, and V. H. Dale. 2006. Ecological
support for rural land use planning. Ecological Applications 15:19-14.
Thomas, J.W. 1979. Wildlife habitats in managed forests: The Blue Mountains of Oregon and
Washington. Agricultural Handbook No. 553. USDA Forest Service. Washington, DC.
Thornburgh, D., R. Noss, F. Euphrat, D. Angelides, C. Olson, A. Cooperrider, H. Welsh, and T.
Roelofs. 2000. Managing redwoods. Pages 229-261 in R. Noss, editor. The redwood forest:
history, ecology, and conservation of the Coast Redwoods. Island Press, Washington, D.C.

62

Trombulak, S.C., and C.A. Frissell. 2000. Review of ecological effects of roads on terrestrial and
aquatic communities. Conservation Biology 14:18-30.
Turner, M.G., W.H. Hargrove, R.H. Gardner, and W.H. Romme. 1994. Effects of fire on
landscape heterogeneity in Yellowstone National Park, Wyoming. Journal of Vegetation Science
5:731-742.
Turner, M. G., W.H. Romme, R.H. Gardner, and W.H. Hargrove. 1997. Effects of fire size and
pattern on early succession in Yellowstone National Park. Ecological Monographs 67:411-433.
Turner, M.G., W.H. Romme, and D.B. Tinker. 2003. Surprises and lessons from the 1988
Yellowstone fires. Frontiers in Ecology and the Environment 1:351-358.
US Forest Service 2000. Forest Service roadless conservation. Draft environmental impact
statement Vol. 1, Washington DC.
U.S.D.A. 1990. Dinkelman Fire Burned Area Emergency Rehabilitation Report. USDA Forest
Service, Pacific Northwest Region, Wenatchee National Forest, Entiat Ranger District, Entiat,
Washington.
Vale, T.R., editor. 2002. Fire, native peoples, and the natural landscape. Island Press,
Washington, D.C.
Veblen, T. T., and D. C. Lorenz. 1991. The Colorado Front Range: a century of ecological
change. University of Utah Press, Salt Lake City.
Veblen, T. T. 2000. Disturbance patterns in southern Rocky Mountain forests. Pages 31-54 in R.
L. Knight, F. W. Smith, S. W. Buskirk, W. H. Romme, and W. L. Baker, editors. Forest
fragmentation in the southern Rocky Mountains. University Press of Colorado, Boulder.
Veblen, T. T., T. Kitzberger, and J. Donnegan. 2000. Climatic and human influences on fire
regimes in ponderosa pine forests in the Colorado Front Range. Ecological Applications
10:1178-1195.
Veblen, T. T., W. L. Baker, G. Montenegro, and T. W. Swetnam, editors. 2003. Fire and climatic
change in temperate ecosystems of the western Americas. Springer, New York.
Viereck, L. A., C. T. Dyrness, A. R. Batten, and K. J. Wenzlick. 1992. The Alaska vegetation
classification. USDA Forest Service General Technical Report PNW-GTR-286. Portland, OR.
Wakimoto, R. H. 1989. National fire management policy: A look at the need for change. Western
Wildlands 15:35-39.
Wallace, L.L., editor. 2004. After the fires: the ecology of change in Yellowstone National Park.
Yale University Press, New Haven, CT.

63

Westerling, A., A. Gershunov, T. Brown, D. Cayan, and M. Dettinger. 2003. Climate and
wildfire in the western United States. Bulletin of the American Meteorological Society May
2003:595-604.
Wright, H.A., Churchhill, F.M., and Stevens, W.C. 1982. Soil loss, runoff, and water quality of
seeded and unseeded steep watersheds following prescribed burning. Journal Range
Management 35: 352–385.
Zedler, P.H., C.R. Gautier, and G.S. McMaster. 1983. Vegetation change in response to extreme
events: The effect of a short interval between fires in California chaparral and coastal scrub.
Ecology 64:809-818.

64

Figure 1. A restoration continuum.
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Figure 2. Profile of a ponderosa pine stand (courtesy Robert Van Pelt).
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Figure 3: Mount St. Helens blast zone.
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Figure 4. Structural biological legacies (snags and down logs).
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Figure 5. Douglas-fir regeneration amongst snags (i.e., the stand described in Larson et al.
2005).
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Figure 6. Mosaic fire pattern in Madison Canyon, Yellowstone National Park; July 24, 1989
(Photo: Jim Peaco).
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Table 1. Fire regimes of major western forests (Kilgore 1981, Agee 1993, 1998b; Arno 2000)
and some examples of plant association groups in each type.

Dominant fire type(s)

General forest type

Common plant association groups

High-severity

Coastal temperate forests

Sitka spruce, Western hemlock,
Western red cedar, Douglas-fir

Coastal subalpine forests

Mountain hemlock, Pacific silver
fir

Pinyon pine-juniper woodlands

Colorado pinyon, Singleleaf
pinyon, Utah juniper, Western
juniper

Interior Northwest montane

White pine, Western red cedar,

forests

Western hemlock

Interior subalpine forests

Engelmann spruce-subalpine fir,
Lodgepole pine, Bristlecone pine,
Limber pine, Whitebark pine,
Quaking aspen

Mixed-severity

Coastal oak woodlands
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Rocky Mt. ponderosa pine-

Ponderosa pine, Douglas-fir,

Douglas-fir forests

Western larch

Interior mesic mixed conifer

Douglas-fir, White fir, Aspen

forests
Klamath-Siskiyou mixedevergreen forests
Sierra Nevada red fir forests

Shasta red fir

Sierra Nevada giant sequoia

Giant sequoia

forests
Low-severity

Dry ponderosa pine forests

Ponderosa pine, Jeffrey pine

Dry mixed conifer forests

Ponderosa pine, Douglas-fir, dry
Grand fir
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